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Abstract
Microplastic particles are ubiquitously detected in the environment. Despite intensivepublic and scientific discussions, an assessment of their potential to transport hydropho-bic organic contaminants in rivers and oceans under environmental conditions is stillneeded. To consider such particle facilitated transport, this thesis aims to quantify theunderlying sorption mechanisms and to develop a comprehensive mechanistic modelwith parameter values derived from experimental data. Within batch experiments varioustypes of microplastic particles and common wastewater contaminants were applied toinvestigate both sorption isotherms and kinetics. The subsequently developed modelsconsider material characteristics, physico-chemical properties of chemical compounds aswell as different types of sorption isotherms were considered. In order to determine thedominant mass transfer mechanisms they account for both diffusion within the particlesand through an external aqueous boundary layer. Which of these two fluxes controls thekinetics depends on the sorption strength, particle size, diffusion coefficients, and time.For the case of linear sorption patterns, as observed for polyethylene, a semi-analyticalmodel was developed. Experiments performed with polystyrene and polyamide, however,revealed non-linear sorption isotherms which required a numerical model to simulatethe coupled mass transfer. Both model types were successfully validated, allowing todescribe the measured kinetics and to obtain reasonable parameter values.To broaden the scope and environmental relevance of this thesis, further experimentswere performed. Applying changing pH conditions, data and model implied that thepartitioning is strongly dependent on the compound’s hydrophobicity and that neutralspecies contribute largely to sorption. Furthermore, the presence of additional naturalsorbents significantly influenced both equilibrium partitioning and desorption kinetics.Due to the combination of experimental work with modelling tools, it was possible toelucidate that material properties have the largest impact on the kinetics whereas theshape of the sorption isotherms has only a minor influence. Contrary to common believe,it was demonstrated that for high partition coefficients, desorption kinetics is fast inbatch experiments and controlled by an external mass transfer while for low partitioncoefficients caused e.g. by high organic carbon loads kinetics was slow and limitedby intraparticle diffusion. Conversely, under environmental conditions an increasingsorption slows down kinetics which is the fundamental difference between laboratoryand field conditions. Consequently, time scales observed under experimental conditionsmay not be transferred to field conditions without an appropriate mechanistic modelaccounting for coupled mass transfer and the specific boundary conditions. Eventually,appropriate hydrodynamic relationships coupled to a thorough mass transfer analysiscan serve to assess the vector function of pollutant loaded particles and to evaluatewhether microplastics rather act as a passive sampler or show potential to facilitate long-range contaminant transport. Moreover, as the theoretical mass transfer considerationsalso apply to other suspended particles, well-defined microplastic particles are ideallysuited to perform in-depth mass transfer studies and to act as surrogates for particlesoccurring in the environment, including microplastics in urban runoff and contaminatedsediment.
A

Zusammenfassung
Mikroplastikpartikel sind allgegenwärtig in der Umwelt und, obwohl in der Öffentlichkeitund in der Wissenschaft intensive Diskussionen dazu geführt werden, steht eine Bewer-tung ihres Potenzials, hydrophobe organische Schadstoffe in Flüssen und Ozeanen zutransportieren, weiterhin aus. Ein Ziel dieser Arbeit ist daher, auf Grundlage experi-menteller Daten, ein detailliertes mechanistisches Modell zur angemessenen Beschrei-bung dieses partikel-gebundenen Schadstofftransorts zu entwickeln. Die notwendigenDaten lieferten Experimente zu Sorptions-Interaktionen zwischen verschiedenen Typenvon Mikroplastikpartikeln und weit verbreiteten Abwasser-Schadstoffen. Basierendauf den experimentellen Ergebnissen wurde ein mechanistisches Modell entwickelt,das neben Materialcharakteristika und physikalisch-chemischen Eigenschaften derSchadstoffe auch verschiedene Arten der Sorption berücksichtigt. Die Aufnahme vonSubstanzen und Partikeln beruht dabei parallel auf der Diffusion in einer wässrigenGrenzschicht und auf der Diffusion in der partikulären Phase selbst. Welcher dieserbeiden Prozesse die Aufnahme dominiert, hängt von der Stärke der Sorption, derPartikelgröße, den Diffusionskoeffizienten und der Zeit ab. Für den Fall der linearenSorption, wie bei Polyethylen beobachtet, wurde ein semi-analytisches Modell en-twickelt. Für Polystyrol und Polyamid wurde hingegen eine nicht-lineare Sorptionfestgestellt, die ein numerisches Modell zur Beschreibung des gekoppelten Stoffüber-gangs erfordert. Beide Modellvarianten wurden erfolgreich validiert und resultierten insinnvollen Abschätzungen der relevanten Parameter.Zur Erhöhung der Umweltrelevanz wurden weitere Experimente durchgeführt. Zumeinen wurde bei variablen pH-Bedingungen gezeigt, dass die Aufnahme der Schadstoffeim Wesentlichen durch ihre Hydrophobie bestimmt wird und dass ungeladene Speziesdabei am stärksten zur Sorption beitragen. Außerdem konnte verdeutlicht werden, dassdie Verteilung und die Abgabe der Schadstoffe durch Mikroplastik signifikant durch dieAnwesenheit gelösten organischen Materials beeinflusst wird.Durch die Kombination aus Laborarbeit und Modellierung wurde bewiesen, dassdie Materialeigenschaften des Plastiks die größte Bedeutung für die Kinetik haben.Weiterhin und im Gegensatz zur allgemeinen Annahme, hat sich erwiesen, dass imgeschlossenen System bei starker Sorption eine schnelle Abgabe und bei geringenVerteilungskoeffizienten, eine langsame Desorption stattfindet. Dadurch offenbart sichein fundamentaler Unterschied zu Feldverhältnissen, da dort die Kinetik bei starkerSorption verlangsamt wird. Damit wurde deutlich, dass nur durch ein geeignetesModell, das gekoppelte Stoffübertragung und die jeweils spezifischen Randbedingungenberücksichtigt, eine Übertragung experimentell beobachteter Zeitskalen auf Umweltbe-dingungen möglich ist. Die Verwendung hydrodynamischer Beziehungen in Verbindungmit einer detaillierten Analyse der Sorptions-Wechselwirkungen machte es weiterhinmöglich, das Vektorpotenzial des Mikroplastiks zu bewerten und abzuschätzen, welcheParameter dafür bedeutend sind. Da die theoretischen Erwägungen und Modelle auchauf andere Arten suspendierter Partikel zutreffen, sind wohl-definierte Plastikteilchenletztlich ein probates Mittel zur ausführlichen Untersuchung von Sorption und geeignet,natürlich vorkommende Partikel in Experimenten zu repräsentieren.
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Introduction & Background 1
Freshwater and marine ecosystems are increasingly threatened by anthropogenicpollution, mainly chemical contamination which has even been considered to be aplanetary boundary threat, i.e. it irreversibly imperils vital Earth system processes(MacLeod et al., 2014; Rockström et al., 2009). The growing number of chemicalspresent in the aquatic environments cause harmful effects on organisms and evenhuman health (Schwarzenbach et al., 2006). A major fraction of such contaminantscomprises organic chemicals which are known to be persistent, bioaccumulative, andtoxic and some of which are targeted by the Stockholm Convention on persistent organicpollutants (Lallas, 2001). As these pollutants are persistent and bioaccumulative, oneintrinsic property is usually their low water solubility and thus their hydrophobicity(Mackay & Fraser, 2000; Mackay et al., 2001). Such hydrophobic organic contaminants(HOC) are often associated with organic carbon-rich particles rather than being freelydissolved in the water column (Karickhoff et al., 1979). Since transport of particlesand sorbed contaminants is different compared to that of purely dissolved substances,particle properties such as material, density, size, and shape are decisive parameterscontrolling sorption/desorption kinetics of associated contaminants (Ghosh et al., 2001;Pignatello & Xing, 1996). Sorbed contaminants are less available for biodegradationand may, therefore, be transported further than freely dissolved chemicals that areprone to transformation processes (Alexander, 2000; Forbes et al., 1998). Consequently,particles or sediments act as long-term sinks and subsequently become secondarysources of HOCs (Allan et al., 2012; Jones & De Voogt, 1999). Thus, to understand theenvironmental fate of HOCs and to assess their impact, the investigation of particle-facilitated transport is important (Barber et al., 2006; Ko & Baker, 2004). The relevantparticle types include colloids, such as natural organic substances, suspended sedimentsand different types of black carbon. Quite recently, plastic litter was added to that listas it is ubiquitously detected in all environmental compartments (Barnes et al., 2009;Horton et al., 2017; Law & Thompson, 2014). First almost exclusively recognized asmarine litter, it is now known that plastic debris contaminates aquatic ecosystems ona global scale from rivers and lakes to the coast, the open ocean and even to remoteareas as the polar regions (Browne et al., 2011; Horton et al., 2017; Law, 2017; Peekenet al., 2018; Ryan & Moloney, 1993). Besides attracting scientific attention, it has beentremendously discussed in the media and raised concern worldwide.
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1.1 Microplastics
In terms of the number of detected plastic particles, microplastics has the largest share(Eriksen et al., 2014; Poulain et al., 2019; Worm et al., 2017). Such particles aredefined as any synthetic polymer with a size smaller than 5 mm (Thompson et al.,2004). They can be introduced directly (primary microplastics) or originate from theprogressive fragmentation of larger items (secondary microplastics) due to physicaland mechanical stress (Browne et al., 2007). Whereas the effects of macroplasticsare commonly described, the ecological consequences of microplastic particles remainlargely speculative and a variety of scientific articles report partially contradictoryresults (Burns & Boxall, 2018; Gregory & Andrady, 2003; Katsnelson, 2015). It has beenobserved, that microplastic particles can be ingested and accumulated by organismsand transferred within the food web (Syberg et al., 2015; Wright et al., 2013). Onthe individual and population level, the uptake of such particles can alter the feedingbehavior and the metabolic demand and can thus cause reduced growth and reproductiveoutput and may finally lead to a population decline (Galloway & Lewis, 2016;Worm et al.,2017). For smaller particles, it is also hypothesized that they may pass membranesand can thus cause adverse effects on the (sub-)cellular level (Galloway & Lewis, 2016).An additional and maybe even larger hazard is not caused by the mere presenceof microplastics particles but by their ability to contain and interact with HOCs(Teuten et al., 2009). However, most published studies focus on the detection andquantification of plastic particles in various environmental matrices as well as ontheir fate or ecotoxicological effects on organisms. Even though there is an ongoingdiscussion how microplastics contribute to the transport of contaminants in aquaticsystems (Burns & Boxall, 2018; Koelmans et al., 2016), only a limited number of studiesaddresses the subject of sorption and desorption kinetics, the underlying mechanismsand the corresponding role of microplastics as a probable pollutant vector (Hartmannet al., 2017; Zarfl & Matthies, 2010). It has been shown that microplastic particlessampled in the field contain for instance polycyclic aromatic hydrocarbons (PAHs) orpolychlorinated biphenyls (PCBs) in concentrations orders of magnitude above thosein the surrounding water phase (Alimi et al., 2018; Wang et al., 2018). Consequently,plastic may act as a pollutant transporter, increasing the exposure of organisms towardscontaminants due to particle ingestion.Recent modelling studies could show that under certain conditions and time scales,plastic particles may contribute to the accumulation of PAHs in aquatic food webs(Diepens & Koelmans, 2018). On the other hand, ingested particles may also act asa sink, resulting in a decreased bioaccumulation potential (Koelmans et al., 2013;Teuten et al., 2009). An increasing number of studies concluded that plastic ingestiondo not significantly influence the exposure of organisms towards plastic associatedcontaminants on different trophic levels (Gouin et al., 2011; Koelmans et al., 2016).These findings however, cannot pass over the fact that microplastics interact withcontaminants and their ability to take up and transport chemicals cannot be neglected.Accordingly, a growing number of studies reported sampling of plastic particles fromvarious environmental compartments and the extraction of associated pollutants (Chen
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et al., 2017; Karapanagioti et al., 2011; Mendoza & Jones, 2015). Whether such sorbedpollutants represent ambient concentrations, in which microplastics act as passivesampler, or traveled long distance with the plastic, i.e. it act as transport vector, isunclear. Therefore, the role of microplastics as a pollutant vector is actively debatedand in order to address this question, the development and validation of mechanisticmodels is necessary as they can be utilized to extrapolate the knowledge obtainedfrom experimental data to environmentally relevant time scales and settings.
1.2 Microplastic-Pollutant Interactions
Generally, approaches regarding the interactions between plastic particles and con-taminants can be classified in two groups. Both the equilibrium sorption as well asthe sorption and desorption kinetics can be analyzed. Equilibrium sorption of organiccontaminants into plastic particles has been described by different types of isothermssuch as the linear, Freundlich, and Langmuir models (Hüffer & Hofmann, 2016). Quiterecently more subtle approaches such as the poly-parameter linear free energy rela-tionship were applied to describe and predict equilibrium sorption (Hüffer et al., 2018).However, as the sorption process involves the incorporation of the chemicals into thepolymeric matrix of the solid plastic items, assuming local equilibrium between thewater and the particulate phase may be misleading.Still a minority, there is an increasing number of publications dealing with kinetics.Within these, a variety of different models have been applied to describe the kinetics ofsorption onto/into the plastic particles (Endo et al., 2013; Teuten et al., 2009). The mostapplied approaches are reaction-based models such as the first-order kinetics or thepseudo second-order model (Alimi et al., 2018; Ho & McKay, 1999). Within these modeltypes, all relevant physical, chemical, and thermodynamic processes are condensed infitted bulk rate constants which cannot provide details on the underlying mechanisms(Tan & Hameed, 2017). Additionally, these models are usually derived from experimentaldata obtained under laboratory conditions and thus simplified assumptions are necessaryonce the findings should be transferred to environmental settings. Nevertheless,reaction-based models are most frequently applied if evaluation of contaminant sorptionto microplastics is concerned, e.g. in Llorca et al. (2018) , Rochman et al. (2013), Teutenet al. (2007), Wang & Wang (2018a), and Zhang et al. (2018).On the other hand, mechanistic models based on Fick’s laws of diffusion (Fick, 1855).can be applied. Typically, diffusion parametrized by these laws allows to identifythe rate limiting step. Diffusion between a particulate and a liquid phase is usuallysubdivided into two mass transfer processes (Pignatello & Xing, 1996; Seidenstickeret al., 2017; Tcaciuc et al., 2015): (i) transport from the bulk water phase to the particlesurface, i.e. external mass transfer, and (ii) subsequent diffusion within the particles, i.e.internal mass transfer. Within this framework, external mass transfer can be describedas the diffusion through an aqueous boundary layer (ABL) surrounding the particle,following a first-order approach (Grathwohl, 2012). Thus, within external mass transferthe mass flux is proportional to the concentration difference across the ABL. The internalmass transfer, i.e. intraparticle diffusion, however, requires a description accounting
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for the temporal change of the concentration profile within the particle (Grathwohl& Reinhard, 1993). Commonly, external and internal mass transfer are studied usingseparate models. For instance Weber & Morris (1963) proposed a modelling approachto describe kinetics which are limited by intraparticle diffusion. Regarding microplastics,this model was e.g. used by Wang & Wang (2018a). As an extension to this approachmore complex models are applied. These are usually based on the analytical solutionfor Fick’s 2nd law derived by Crank (1979) but again account for either pure film orintraparticle diffusion. The same holds for the corresponding short-term and long-termapproximations which are applied as well to describe sorption to microplastics (Endoet al., 2013; Karapanagioti & Klontza, 2008; Lee et al., 2018). However, to accuratelytransfer experimental data to environmental conditions, a coupled models consideringboth mass transfer processes in series is necessary (Seidensticker et al., 2017).
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Almost half a century passed since the first detection of plastic particles in the environ-ment reported by Carpenter et al. (1972) and the increasingly recognized pollution ofaquatic environments (Ryan & Moloney, 1993). Within this time period plastic debrisattracted growing attention and until today it is highly controversial whether suchdebris may release pollutants to the environment (Burns & Boxall, 2018).The overall objective of the present thesis was to elucidate mass transfer mechanismsof urban organic pollutants on different types of microplastic particles and to clarifytheir role as sink and/or source of contaminants in aquatic ecosystems. Even thoughmany studies detected plastic in the both the world’s marine and limnic environments(Horton et al., 2017; Law, 2017) it is an ongoing debate if such particles contributeto contaminant transport (Alimi et al., 2018; Koelmans et al., 2016; Zarfl & Matthies,2010; Ziccardi et al., 2016). Nevertheless, one has to keep in mind that a vast majorityof such estimations are limited to the current amount of plastics in the environment andeven though it is not necessarily easy to predict future quantities, most studies dealingwith that issue prognosticate increasing amounts of plastic debris (Geyer et al., 2017;Jambeck et al., 2015). Taking the plastic production data since 1950 published by Geyeret al. (2017), assuming that every year approximately 3% of the total production entersthe ocean as estimated by Jambeck et al. (2015), and extrapolating this informationresults in an increase of the cumulative plastic waste in the ocean from about 260 Mtin 2017 to ∼ 910 Mt in 2050 (for details see SI 1). From this particular aspect it isworthwhile to investigate and characterize sorption interactions between anthropogeniccontaminants and polymer particles.Within this thesis I focused on rivers as they are one major path for microplastics toenter freshwater ecosystems, particularly via the effluent of wastewater treatment plantsand via sewage overflows (Mintenig et al., 2017; Murphy et al., 2016). In such effluents,however, also increased concentrations of micropollutants such as pharmaceuticals andpesticides occur (Gasperi et al., 2008; Gavrilescu et al., 2015; Li et al., 2016). Thus,plastic particles might especially act as a sorbent and potential vector for frequentlyoccurring wastewater contaminants. Consequently, I studied the interactions betweenmicroplastic and common wastewater pollutants. Furthermore, the experimental dataobtained from the sorption experiments served as a base to develop and parametrizemechanistic kinetic models. Subsequently, I used those models to extrapolate fromlaboratory conditions to environmentally relevant settings and to draw conclusionsregarding the role of microplastic particles in contaminant transport. Figure 2.1 givesan overview of the main hypotheses and objectives of this thesis and illustrates thegradually increasing environmental relevance of the performed experiments.
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Polyethylene is one of the most produced and environmentally abundant polymers(Auta et al., 2017; Mintenig et al., 2017; Peeken et al., 2018). It is well known for itsability to take up hydrophobic contaminants and is thus widely applied as passivesampler (Allan et al., 2009; Lohmann, 2011; Thompson et al., 2015). If sorption is studied,however, the investigations usually concentrate on equilibrium partitioning and only aminor percentage pay particular attention to the sorption kinetics. Thus, in paper I anin-depth investigation of sorption kinetics to polyethylene is presented and a coupledmass transfer model was developed to mechanistically describe these kinetics. Thisway, the role of the different mass transfer processes was revealed. Subsequently,we compared this model with other commonly applied models and deliberated itsadvantages.Although polyethylene makes up the largest part of plastics in the environment, alsoother polymers such as polystyrene and polyamide are frequently detected (Minteniget al., 2017). In paper II we describe our experiments to investigate sorption isothermsand kinetics of phenanthrene to these three polymers. Conversely to polyethylene,polystyrene and polyamide showed non-linear sorption isotherms. Therefore, we set upand validate a numerical model to simulate coupled mass transfer for both linear andnon-linear sorption and to assess the influence of particle and substance characteristicson the sorption process.
Figure 2.1: Overview of the main hypotheses and objectives of this thesis and thecorresponding papers.
From studies with natural particles and sediments, it is known that sorption interac-tions mostly occur between sorbents and neutral species whereas charged compoundspecies sorb only little or not at all (Karlsson et al., 2017). However, unlike manynatural particles, microplastics can be charged electrostatically (Wang et al., 2015;Yokota et al., 2017) and thus ionic bonds may evolve between plastic particles andcharged species. Therefore, in paper III (Seidensticker et al., 2018) we present ourinvestigations on equilibrium partitioning between polyethylene and polystyrene mi-croplastic particles and a set of frequently occurring contaminants (e.g. pesticides,pharmaceuticals, and industrial chemicals) some of which were ionizable. The aim of
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that study was, to elucidate the sorption interactions between plastic particles and theselected contaminants under varying pH conditions.Since microplastic particles are not the only occurring sorbent in natural environments,the aim of our study presented in paper IV (Seidensticker et al., 2017) was to analyzeand quantify the sorption kinetics of wastewater pollutants to polyethylene microplasticparticles and how they are influenced by the presence of natural dissolved organicmatter. More specifically, we examined the shift of mass transfer from external filmdiffusion to intraparticle diffusion as a function of partition coefficients which changeaccording to the concentration of dissolved organic matter.
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3.1 Equilibrium Sorption
For the evaluation of equilibrium sorption and partitioning, I applied three differentsorption isotherms. The outcomes of the isotherm experiments are mainly describedin paper II. The simplest is linear sorption with a constant distribution coefficient
Kd [L3 M−1] (Schwarzenbach et al., 2005). I also considered the Freundlich and thePolanyi-Dubinin-Manes non-linear sorption isotherms in which the sorption coefficientdepends on the amount of sorbed contaminant (Allen-King et al., 2002; Kleineidamet al., 2002). The Freundlich model is an empirical relationship with non-linearityrepresented by the Freundlich exponent nFr which usually takes values between 0 and1 (Xia & Ball, 1999). The Polanyi-Dubinin-Manes model on the other hand is derivedfrom Polanyi’s potential theory for a vapor phase system and is commonly applied todescribe pore-filling mechanisms (Kleineidam et al., 2002; Xia & Ball, 1999). The threedifferent isotherm models are given as:
linear CP,eq = KdCW,eq (3.1)Freundlich CP,eq = KFrCnFrW,eq (3.2)
Polanyi CP,eq = Voρo exp 
©­­«
−RT
(
lnWSsubCW,eq
)
E
ª®®¬
b (3.3)with KFr [M1−n L3n M−1] and nFr being the Freundlich partition coefficient and theFreundlich exponent, Vo denoting the maximum volume of sorbate per unit of sorbent[L3 M−1], ρo [ML−3] sorbate’s density, R = 8.314 J mol−1 K−1 the ideal gas constant, T[temp] absolute temperature, and WSsub the subcooled liquid solubility of the compoundin water [ML−3]. E [ML2T−2] is the characteristic free energy of absorption (Allen-King et al., 2002). The exponent b [-] is usually an integer with 1 >b >5. CP,eq and
CW,eq represent the equilibrium concentrations in the particle and the water phase,respectively.
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In paper III I extended the aforementioned approach. The sorption of ionizablecompounds needs to be computed differently if the contribution of neutral and chargedspecies should be quantified. Thus, the pH-dependent partition coefficient PpH is:
PpH = KP,n fn+KP,i fi (3.4)
where fn and fi are the fractions of the neutral and ionized species and KP,n and KP,iare the species-specific partition coefficients for the neutral and the ionized species,respectively. I calculated fn and fi from the known pKa and pH values according to therearranged Henderson-Hasselbalch equation.According to previous findings within paper IV only linear equilibrium partitioningwas considered as I only used polyethylene as sorbent (Lohmann, 2011). By introducinga second dissolved phase, here humic acids, the chemical has to equilibrate betweenthe three phases in the system and the partition coefficient K∗PE−W between the overallaqueous solution and the solids decreases with increasing concentration of dissolvedorganic matter (DOM) is (Schwarzenbach et al., 2005):
K∗PE−W =
KPE−W
1+KDOMDOM
=
CPE
C∗W,eq
(3.5)
KDOM and KPE−W are the partition coefficients [L3 M−1] between pure water anddissolved organic matter or polyethylene, respectively. Only if the product KDOM ×DOMbecomes larger than unity, a significant change in partitioning of a compound betweenaqueous solution and solids may be expected. Since DOM contents typically are below0.001 kg L−1, only compounds with KDOM larger than 1000 are significantly affected. C∗Wrepresents the concentration in the bulk solution, i.e. the freely dissolved concentrationplus the concentration in the DOM phase. Based on the mass balance in the three-phase system, the equilibrium concentration C∗W,eq [M L−3] in the DOM-inclusive aqueousphase for given initial concentration CPE (0) [M M−1] in the polyethylene and C∗W (0)[M L−3] in the aqueous phase (in our experiments always zero) can be computed as afunction of the liquid-to-solid ratio VW/mP [M3 M−1] and the overall partition coefficientby:
C∗W,eq =
CPE (0)+C∗W (0)VWmP
VW
mP
+K∗PE−W
(3.6)
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3.2 Mass Transfer Model and Mass Conservation Laws
The mass transfer of organic pollutants between a particulate phase and a surroundingbulk solution of finite volume involves transfer from the bulk solution to the particlesurface through an aqueous boundary layer (external mass transfer) and subsequentdiffusion within the solids (internal mass transfer) if the sorption case is concerned(Thompson et al., 2015). The slower process controls the overall kinetics. A coupledmodel which can describe both mass transfer mechanisms separately but as well incombination is necessary to fully analyze and understand the kinetics. The underlyingassumptions for the analysis of my finite-volume batch experiments were: (i) the bulksolution is homogeneously mixed, (ii) the external mass transfer between the particlesand the bulk solution is proportional to the difference of the aqueous concentrationsbetween the bulk solution and the particle surface, (iii) at the particle surface, localequilibrium between the two phases exists, and (iv) the mass flux within the plasticparticles is by diffusion in the polymer. To consider both internal and external masstransfer in series, I formulated a coupled transport model. Within the microplasticparticles, the diffusion equation in spherical coordinates, i.e. Fick’s 2nd law, applies:
∂CP
∂t
−DP
[
∂2CP
∂r2
+
2
r
∂CP
∂r
]
= 0 (3.7)
∂CP
∂r

r=0
= 0 ∀t (3.8)
The initial concentration in the particle phase is considered to be uniform:
CP(r, t = 0) = CP(0) ∀r (3.9)
with CP [M M−1] denoting the mass-related concentration of the organic compound inthe plastic, t [T] is time, and DP [L2 T−1] and r [L] are the material-dependent intraparticlediffusion coefficient and the radial coordinate, respectively. A concentration gradient ofzero in the spheres’ center and sorption equilibrium between the plastic and water atthe surface of the plastic particles are assumed as boundary conditions. The particleexchanges mass with a surrounding bulk solution of a defined volume VW [L3] via theaqueous boundary layer. Mass transfer through the boundary layer is driven by theconcentration gradient between the bulk solution and the aqueous concentration at theinterface between the particles and the water. Then, the mass balance at the surfacerequires:
KP
dCW/P
dt
=
(
CW (t)−CW/P(t)
)
kW −DPρP ∂CP
∂r

rP
(3.10)
in which CW [M L−3] denotes the bulk-phase concentration, CW/P (t) [M L−3] theaqueous concentration at the particle surface, KP [L3 M−1] the partition coefficient, rP
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[L] the particle radius, and kW [L T−1] the mass-transfer velocity. Multiplication bythe mass density ρP [M L−3] of the particles in the intraparticle-diffusion term of theequation is needed because the concentration in the particles is expressed as massof the compound per mass of the particle material, whereas the concentration in theaqueous phase is volumetric.Under finite bath boundary conditions, the concentration in the bulk water changesaccording to the total mass flux across the area of all particles, leading to the followingmass balance equation:
dCW
dt
=
(
CW/P(rP, t)−CW (t)
)
kW
3
rP
mP
VW ρP
(3.11)
in which mP [M] is the mass of all particles, the factor 3/rP is the area-to-volume ratioof a single particle, and mP/ρP is the total volume of all particles. Equations 3.10 & 3.11must be amended by initial conditions of CW and CW/P. In addition to absorption withinthe particles, in some cases instantaneous adsorption onto the surface was assumed,obeying the same sorption isotherm of the plastic material:
Csur f (t) = Ksur f ρPCP,eq
(
CW/P(t)
) (3.12)
with Csur f [M L−2] denoting the mass of the sorbate per surface area, CP,eq (CW/P(t))[MM−1] as the equilibrium concentration in the plastic material for a given aqueousconcentration CW/P(t) at the plastic-water interface, and Ksur f [L] as the thickness of avirtual plastic layer instantaneously sorbing the contaminant. The latter parameterizesthe effects of surface roughness. As I show in Appendix II 5 (SEM images of the particles)and in Table 1, many particles have rough surfaces and the true surface areas aredifferent from those calculated for perfect spheres. I accounted for these effects byconsidering effective surface adsorption.The analytical solution of Equations 3.7-3.11 was derived after Laplace transformationin time (see Appendix IV 4.3), and consider three cases of mass-transfer controls: (i) byexternal mass-transfer only, i.e. in the limit of DP→∞, (ii) by intraparticle diffusiononly, i.e. in the limit kW →∞, and (iii) by both processes. The analytical Laplace-transform solution of the bulk-phase concentration is back-transformed into the timedomain by the numerical method of de Hoog et al. (1982), implemented in Matlab.The specific case of linear sorption without instantaneous adsorption (i.e. Ksur f = 0)was applied within papers I & IV but for the case of a non-linear sorption isothermwith CP,eq(Cw) as determined in paper II, a closed-form solution in the Laplace-domaincannot be derived, requiring thus a numerical scheme. For this purpose Equation3.7 was spatially discretized by the Finite Volume method, i.e. the particles weresubdivided into n [-] shells of identical thickness. The resulting non-linear system ofordinary differential equations was integrated by the Gear solver ode15s implementedin Matlab (see Appendix II 5 for details).
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3.3 Analysis of Characteristic Times
According to the explanations above, the overall mass transfer in my experiments iscontrolled by an external and an internal process in series. The relative importance ofthese two processes can be evaluated by using the characteristic time τch [T] which werederived from the Laplace-transform analytical solution and synopsizes the equilibrationtimes between the particles and the bulk solution. It is defined as:
τch =
∫ ∞
0
(
CW (t)−CW,eq
)
dt
CW (0)−CW,eq (3.13)It can be split into a characteristic time for the case of internal mass transfer:
τinternalch =
r2P(
1+KP mPVW
)
15DP
(3.14)
and congruently to a characteristic time for the case of external mass transfer:
τexternalch =
KPρPrP(
1+KP mPVW
)
3kW
(3.15)
As the coupled mass transfer is the sum of film and intraparticle diffusion, likewisethe two characteristic times are additive, i.e. the overall mass transfer is slower thaneither of the single processes. Note, that for increasing KP, the characteristic time inthe case of external control (Equation 3.15) becomes independent of KP whereas thecharacteristic time of the internally limited mass transfer (Equation 3.14) decreaseswith increasing KP. Under environmental settings, VW tends to infinity and for bothcases the term in the parentheses becomes 1. While in Equation 3.15 the characteristictime refers to 63.2% of the equilibrium concentration, in Equation 3.14 the degree ofequilibration depends on the solid-to-liquid ratio and KP (see Appendix II 5).The relative importance of the respective mass-transfer process for the overall masstransfer can be expressed as the ratio of their characteristic times:
τexternalch
τinternalch
=
5KPρPDP
kWrP
(3.16)
For values >1, external mass transfer limits the kinetics and internal mass transfercontrols for values <1. Equation 3.16 exemplifies that the relative importance of the twoprocesses does not depend on the liquid-to-solid ratio. Consequently, for internal masstransfer an increasing partition coefficient accelerates the kinetics in batch systemsdespite decreasing aqueous equilibrium concentrations. Mass transfer of hydrophobiccompounds, however, is externally controlled due to high partition coefficients.
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Materials & Methods 4
4.1 Microplastic Particles
Across papers I-IV, I performed experiments with four different types of particles madeof three different polymers. Their relevant properties are listed in Table 4.1. For allparticles except the large polyethylene, scanning electron microscope (SEM) imagesare provided in the Appendix II 5.
Table 4.1: Sources and properties of the microplastic particles used in this thesis. a:nominal diameters, normally distributed with σ2=0.05, b: literature values from Hüffer& Hofmann (2016).
Parameter SmallPolyethy-lene(PE)
LargePolyethy-lene(PE)
Polystyrene(PS) Polyamide(PA)
Supplier Azelis,Gotalene120
GermanFederalInstitute forMaterialsResearchand Testing
Goodfellow Goodfellow
Mean diameter [µm]a 260 4.2×103 250 25Density [kg L−1] 0.92 0.92 1.05 1.14Calculated surface area[m2 g−1] 0.03 0.002 0.023 0.30BET surface area [m2 g−1] 0.23 0.18 0.65 0.86BJH pore volume [cm3 g−1] no pores no pores 0.003 0.000013Porosity [%] 0.32 0.01Average pore width [Å] no pores no pores 195.3 18.8Glass transitiontemperatureb [◦C] -120 -120 100 50
Applied in Papers I-IV Paper I Papers II &III Paper II
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4.2 Chemicals
In total, 21 different chemicals were tested for their sorption interactions with differenttypes of microplastic. These chemicals include seven bases with dissociation constants(pKa) ranging from 1.09 to 8.37, seven acids covering pKa values of 3.13 to 7.90 and sevenneutral substances. Details on the physico-chemical properties of these compoundsand their experimental application are listed in Table 2. All chemicals were purchasedfrom LGC standards (Wesel, Germany), except phenanthrene and tonalide which werepurchased from Sigma-Aldrich Supelco (Bellefonte, PA, USA).
4.3 Batch Experiments
To study both equilibrium distribution and sorption kinetics, I performed batch experi-ments. The experimental setups differ slightly from paper I to paper IV. The details aredescribed in the different papers in the Appendices II 5-IV 4.3. Here, I will give a briefoverview and explain the most important details. The common across all setups wasthe solid-to-liquid ratio which was always 10−3 kg L−1. All experiments were performedeither in amber glass bottles (papers I-III) or in glass bottles wrapped with aluminumfoil (paper IV) and contained certain amounts of NaN3 to avoid photo-oxidation andbiodegradation, respectively. In the case of sorption experiments (papers I-III), I spikedthe batches from aqueous contaminant solutions, either containing a single substanceor a substance mix. To avoid co-solvent effects of organic solvents, their fraction wasalways below 0.1%. Only in paper IV the initial solution contained humic acids, andthe plastic particles were previously spiked with contaminants as the desorption casewas examined. I prepared all these solutions in ultrapure water and in the sorptioncase, the initial concentration of every substance was below 1% of its water solubilityto avoid competitive sorption or crystallization effects. As additional constituents, thebatches either contained pH adjusting substances (paper III) to maintain constant pHvalues of 4 (formic acid), 7 (0.02 M Na2PO4), or 10 (7N NH3). For experiments reportedin paper IV, humic acids in six different concentrations (0, 0.15, 0.25, 0.50, 0.75, and 1.00g L−1) and the corresponding phosphate-buffered saline (PBS) buffer were constituents.PBS was necessary to keep slightly alkaline conditions with a pH of 7.7 to ensurethe complete dissolution of the humic acids. All further details regarding the exactexperimental procedure, the sampling techniques, and the subsequent chemical analysisand parameter estimations are carefully described in the particular paper and thecorresponding supporting information.
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Results & Discussion 5
5.1 Equilibrium Sorption Isotherms
The measured sorption isotherms discussed in paper II revealed, that polyamide andpolystyrene follow non-linear sorption patterns whereas polyethylene shows linearpartitioning. While for polyamide, the Freundlich model scored best, the Polanyi-Dubinin-Manes isotherm described the sorption of phenanthrene onto polystyrene thebest. These results were confirmed by the calculation of model selection criteria whichare outlined in the Appendix II 5. They are moreover in agreement with other findingsHüffer & Hofmann (2016) as well as with the measured pore volumes of polyamide andpolystyrene (Table 4.1) as an increasing presence of pores shifts the isotherm towardsa non-linear shape Kleineidam et al. (2002). The experimental results are shown inFigure 5.1.
5.2 Sorption to Polyethylene Microplastics and ModelComparison
Within paper I, the sorption of phenanthrene to various sized polyethylene particleswere thoroughly investigated. The measured kinetics were evaluated with differentmodels which were subsequently compared. The results of the kinetic experimentsare shown in Figure 5.2. It is clearly visible, that mass transfer to small polyethyleneparticles is largely limited by film diffusion (left panel), i.e. the mass transfer resistancein the water phase limits the uptake of phenanthrene. Sorption to the large particlesis in contrast limited by internal mass transfer, thus the diffusion within the particlescontrols the kinetics (right panel). This is in accordance with our model assumptions,in which an increasing size is accompanied by a relatively thinner aqueous boundarylayer. Accordingly, the growing mass transfer resistance in the particle phase leads tolonger equilibration times. Thus, the larger the particles the more kinetics is limited byintraparticle diffusion. Consequently, the fitted coefficients for film diffusion are notsensitive for large polyethylene and hence I used the film diffusion parameters fitted forsmall polyethylene to estimate the mass transfer coefficient kW for large polyethyleneadapted to both the particle size and the hydrodynamic conditions. For that purpose, aSherwood relationship scaled by the particle diameter was utilized to characterize thewell-known mass transfer in the aqueous boundary layer.
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PE
PA
PS
Figure 5.1: Double logarithmic plot of data and models (linear, Freundlich, and PDM)for sorption isotherms of phenanthrene to PE, PA, and PS. The different appliedisotherms are indicated in the legends.
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This is transferable to different experimental setups according to hydrodynamicsrepresented by the Reynolds and the Schmidt number, Re and Sc, respectively. TheSherwood number Sh here was calculated as (Ohashi et al., 1981):
Sh = 2+ cRe1/2 Sc1/3 = 2+0.59
(
d4/3P ε
1/3
ν
)0.57 (
ν
Daq
)1/3 (5.1)
with the particle diameter dP [L], the kinematic viscosity of water ν [L2 T−1], thesubstance specific aqueous diffusion coefficient Daq [L2 T−1], and the unknown energydissipation rate ε [L2 T−3]. If mass transfer is limited by film diffusion, kW may besensitively fitted and Sh (Sh = kWdPD−1aq ) can be calculated from the experimentalresults. Eventually, Sh for small polyethylene was computed as 7.1 and based onEquation 5.1, ε for our experimental setup could now be estimated as 104.2m2 s−3 whichis reasonable for stirred systems and can be used to calculate a theoretical kW for thelarge particles (Kawase & Moo-Young, 1987). Within the parameter estimation, however,I did not set kW to a fixed value but allowed fitting results with the range of ±10%.Subsequently, I performed another fitting without any restrictions and it appearedthat the theoretically expected and the fitted Sherwood number differed slightly andthe thickness of the boundary layer was larger than estimated. Thus, film diffusionseemed to be still relevant for larger particles in particular at early times. A possibleexplanation may be the shape of the larger particles which was rather cylindrical thanspherical and hence influenced the film diffusion whereas internal mass transfer washardly affected. Accordingly, the fitted intraparticle diffusion were similar for the twopolyethylene types as it would be expected for the same material and were moreover ingood agreement with literature values (Hale et al., 2010; Lohmann, 2011). Additionally,the partition coefficients compared very well to earlier measurements (Lohmann, 2011;Rusina et al., 2010). As I expected from the model predictions, the larger particlestook considerably longer to reach equilibrium, namely around 103.9 h compared to
101.5 h for the small particles. This is different by a factor of ∼ 250 and reflects thedifference between the particle diameters squared which is a factor of ∼ 260. Figure 5.2(second row) additionally shows the measured and modeled time-dependent apparentdistribution coefficients KP,app(t) for the different kinetic models as function of time.Such KP,app are more sensitive than aqueous concentrations because the latter getvery small at late times. Within Figure 5.2 I do not only display the results of thenew coupled mass transfer model, but show as well the results of a first-order and apseudo second-order model, which are most frequently used if microplastic-contaminantinteractions are examined (Llorca et al., 2018; Rochman et al., 2013; Teuten et al., 2007;Wang & Wang, 2018a).To evaluate the model performance, I calculated two different model selection criteria,the Akaike Information Criterion (AIC, Akaike (1974)) and the Bayesian InformationCriterion (BIC, Schwarz et al. (1978)). Both do not just appraise the goodness-of-fit butas well consider the complexity by contemplating the number of fitted parameters. Forboth approaches, a smaller value indicates a better suitability of the model and thus I
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confirmed that the coupled model performed best for both particle sizes (Figure 5.2, thirdrow). However, the difference between these selection criteria was greater for the largeparticles. This is attributed to the fact, that mass transfer to the small particles wasmostly limited by film diffusion which can be estimated with an exponential function. Onthe other hand, the shift from film to intraparticle diffusion was much more pronouncedfor the large particles and thus the coupled model has a greater advantage as bothprocesses need to be considered.
PE small PE large
PE small PE large
PE small PE large
Figure 5.2: Experimental and modelling results of phenanthrene sorption to small PE(left panel) and to large PE (right panel). First and second row show semi-logarithmicplots of the measured aqueous concentrations and double-logarithmic plots of apparentpartition coefficients over time, respectively. The respective denotations are indicatedin the legends. FD=film diffusion, IPD=intraparticle diffusion. In the third row theresults of the calculated model information criteria AIC and BIC are illustrated. Note,that smaller values for the ICs indicate a better model performance.
24 Sven Seidensticker
Results & Discussion
5.3 Influence of Non-Linearity and Surface Structure
In addition to polyethylene, I performed sorption experiments with polyamide andpolystyrene in paper II. As the semi-analytical coupled model requires sorption tobe linear, for the case of non-linear sorption with CP,eq(CW ), a numerical scheme isrequired. As explained above, I discretized Equation 3.7 for this purpose applying aFinite Volume approach. To model the kinetics for polyethylene, I considered onlylinear sorption whereas for polyamide and polystyrene, I followed Freundlich andPolanyi-Dubinin-Manes sorption, respectively, in the non-linear fits. In contrast topolyethylene, the kinetics of polystyrene (Figure 5.3, left panel) and polyamide (Figure5.3, right panel) were controlled by internal mass transfer almost all the time becauseintraparticle diffusion coefficients within these materials are several orders of magnitudelower than those in polyethylene (Pascall et al., 2005). Thus, as for the aforementionedlarge polyethylene particles, the fitted mass transfer coefficients for external masstransfer were not sensitive. Since all kinetic experiments were performed with the sameexperimental procedure, empirical relationships can be applied to consistently estimatethe respective mass transfer parameters. As explained above, I again utilized Equation5.1 and the kW-value determined for the small polyethylene particles to estimateSherwood numbers for polystyrene and polyamide adapted to hydrodynamic conditionsand particle size. I applied these approximated Sherwood numbers and subsequentlyscaling factors to compute the value of kW in the polystyrene and polyamide experimentsand used these scaling factors (±10%) as initial guess in the fitting of the models. Finally,
Sh of 7.0 and 2.7 were obtained for polystyrene and polyamide, respectively.Within the kinetic experiments, I revealed that at early times, the measured aqueousconcentrations were always lower than those predicted by the model. Consequently,not only the well-known swift external mass transfer may have influenced the kineticsbut as well an unknown strong sorption process is indicated. A potential mechanism forsuch a process could be the additional sorption of phenanthrene onto the heterogeneousexternal surface of the microplastics. As reported in Table 4.1, considerable errorsare expectable if the surface areas are just calculated rather than measured whichimplies that the surface roughness of the particles has to be taken into account. Thiswas confirmed by SEM images which are shown in the Appendix II 5. Such roughsurfaces may lead to fast sorption processes and hence I consistently included apparentinstantaneous sorption in the non-linear model. This was adapted by a fit of the surfaceabsorption coefficient Ksur f , which gives the virtual thickness of the outermost plasticshell and corresponds to the influence of instantaneous sorption. The estimated Ksur fvalues were in the order of 0.1, 0.58, and 0.62 µm for polyethylene, polyamide, andpolystyrene, respectively. This indicated that this process although being observable inlaboratory experiments is most likely negligible under environmental conditions wheretime scales of interest are much larger than observed here. Nevertheless, implementing
Ksur f resulted in a better description of the data in comparison to the linear semi-analytical model where instantaneous sorption was not considered, with root meansquare errors for polyamide and polystyrene of 1.5 vs. 4.2 µg L−1 and 7.9 vs. 10.7 µg L−1for the non-linear vs. the linear model, respectively. Intraparticle diffusion coefficients
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estimated for polystyrene and polyamide based on non-linear sorption were slightlydifferent compared to the estimations of the linear model. To my knowledge, so faronly two studies determined intraparticle diffusion coefficients for phenanthrene inpolystyrene. Li et al. (2017) and Fischer et al. (2018) determined DP to be 1.4×10−17m2 s−1 and 3.5×10−16 m2 s−1 which is a factor of five smaller and a factor of five greater,respectively, in comparison to 7.3×10−17 m2 s−1 calculated from my experimental results.For polyamide, I am not aware of any study which measured intraparticle diffusioncoefficients. However, ranges of one order of magnitude are expected for diffusioncoefficients in such diverse materials.
PS
PS
PA
PA
Figure 5.3: Results of the sorption of phenanthrene to PS (left panel) and PA (rightpanel). The top row shows semi-logarithmic plots of aqueous concentrations over timeand the bottom row shows double-logarithmic plots of apparent partition coefficientsover time. The respective denotations are indicated in the legends. FD=film diffusion,IPD=intraparticle diffusion.
Figure 5.3 additionally shows the time dependent apparent distribution coefficients
KP,app(t) for the two cases of instantaneous and normal kinetics as function of time incomparison to the data. The curve of the data points confirms that both polyamide andpolystyrene were controlled by intraparticle diffusion already at early times as KP,appincreases with the square root of time. For polystyrene, however, the plot indicatesthat pure external mass transfer matches the data best at early times whereas the
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non-linear model with pure consideration of diffusion takes over when approximately30% equilibration is reached. As illustrated in Figures 5.2 & 5.3, I needed a combinationof film and intraparticle diffusion to explain the sorption to polyethylene, while thesorption to polystyrene and polyamide could only be explained when consideringnon-linear sorption, film and intraparticle diffusion, and swift surface sorption. Amongall contributions to the kinetics, the slow intraparticle diffusion depends the strongeston the particle material.
5.4 Effects of Particle Characteristics
Microplastic particles found in the environment have a broad spectrum of numerouscharacteristics. They are for instance highly variable in size, shape, color, age, andorigin and moreover consist of different polymers (Hartmann et al., 2019). Some of thoseproperties have a particular influence on the microplastic-contaminant interactions(Wang et al., 2018). The outstanding advantage of the developed mechanistic coupledmass transfer model is, that the influence of these characteristics can be evaluated andquantified. Regarding sorption and desorption the properties of particular importanceare the size, the material, and the sorption capacity. The effects of the particle diameter,the intraparticle diffusion coefficient, and the partition coefficient on the experimentalcharacteristic times are illustrated in Figure 5.4. In the two cases in the top row,the effect of the sorption capacity either in combination with a changing particle size(left) or a changing intraparticle diffusion coefficient (right) are shown. Additionally, inthe bottom row the combined effects of the three parameters on the times needed for20% (left) and 90% (right) equilibration, respectively, are illustrated. The time scalespresented within Figure 5.4 are valid for our experimental conditions, scaled accordingto Equation 5.1, and calculated based on the previous estimated energy dissipationrate ε.The characteristic times increase with increasing particle diameter squared and withdecreasing intraparticle diffusion coefficient. This is caused by lengthened intraparticlediffusion distances in larger particles. Thus, the kinetics are slower and more affectedby internal mass transfer in particular at larger time scales. Additionally, lowerintraparticle diffusion coefficients, slow down the internal mass transfer and hence thewhole kinetics. DP is strongly related to the glass transition temperature Tg of theplastic material (Pascall et al., 2005). Is the ambient temperature >Tg , the segmentalmobility of the polymer chains and thus the free intraparticle volume is increasedwhich results in higher diffusion. Additionally, characteristic times may increase withincreasing partition coefficient due to an increase importance of the aqueous boundarylayer diffusion and thus a slowed external mass transfer. Depending on contaminantsand not so much on plastic types, the partition coefficient can spread over several ordersof magnitude as well. However, the changes in the material-dependent parameters,i.e. size and intraparticle diffusion, affect the time scales much more than variationsin the partition coefficient (Figure 5.4). Note, that the calculation results illustratedin Figure 5.4 are strictly speaking only valid for microplastic types which show linearsorption patterns. Nevertheless, as for most polymers an existing non-linearity is not
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very pronounced (Hüffer & Hofmann, 2016; Wang & Wang, 2018b), the conclusionsdrawn from Figure 5.4 apply in general.
Figure 5.4: Effects of particle and material properties on total characteristic times (toprow) and on time scales for 20% (bottom, left) and 90% (bottom right) equilibration,respectively, in batch experiments. Total characteristic times τch (external + internalmass transfer) were calculated with either DP = 10−13 m2 s−1 (top left) or dP = 260µm(top right). The solid-to-liquid ratio in both cases was set to 10−3 kg L−1 as in myexperimental conditions. External mass transfer was calculated based on a water filmthickness δW of dP/Sh with Sh = 7.1 as determined for polyethylene in my experimentalconditions. The characteristic equilibration time scales (bottom) are illustrated throughcoloring and plotted in iso-surfaces, i.e. identical times are connected by coloredareas. The external mass transfer is scaled according to Equation 5.1. Equilibration isfast for small particles and high intraparticle diffusion coefficients and slow for largeparticles and small intraparticle diffusion coefficients. The surfaces show the sum ofcharacteristic times for film diffusion and intraparticle diffusion.
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5.5 Effects of Experimental Parameters and Environmen-tal Conditions
5.5.1 Influence of Proton Activity
In freshwater systems, a major pathway for microplastic particles to enter the aquaticenvironments is the introduction of wastewater treatment plant effluents or the dischargeof stormwater overflows (Mintenig et al., 2017; Murphy et al., 2016). Such effluents,however, show also high concentrations of organic micropollutants (Gavrilescu et al.,2015; König et al., 2017; Li et al., 2016) and can thus be considered to be a pollutanthotspot and plastic particles might particularly come into contact with frequentlyoccurring wastewater contaminants. However, a large share of such pollutants can becharged under certain pH conditions (Karlsson et al., 2017) and unlike most naturalsorbents, under certain conditions microplastics can be charged electrostatically aswell (Yokota et al., 2017). Thus, my objective in paper III was to elucidate whetherinteractions between ionizable compounds and microplastic particles go beyond merepartitioning. The selected contaminants (seven acids, seven bases, and five non-ionizables) and their corresponding pKa-values are listed in Table 4.2. I used pristinepolyethylene and polystyrene particles since in the wastewater canalization system"young" particles occur and enter the wastewater treatment plant and both of them areamong the most abundant in wastewater treatment plants and their effluents (Minteniget al., 2017). The equilibrium partitioning between particles and contaminants werestudied at three different pH levels (4, 7, and 10). To quantify the concentrations andensure that the equilibrium was reached, I took samples at the beginning and after two,four, seven, and eleven (only for polystyrene) days of experimental duration.Sorption to polyethylene is in general mostly driven by partitioning and stronglydependent on both the substance properties and the polymer characteristics such asdensity, branching, and crystallinity (Endo et al., 2005; O’Connor et al., 2016). In myexperiments with polyethylene, sorption of neutral species was stronger than sorptionof charged species and uptake of polar compounds was less compared to uptake ofnon-polar compounds (Figure 5.5).Polystyrene showed in general higher sorption capacities than polyethylene (Figure5.6) which was likely driven by both partitioning and adsorption mechanisms as e.g.pore-filling which can be deduced from the non-linear sorption isotherms (Figure 5.1 andAppendix III 3.5). The higher distribution coefficients for polystyrene are in agreementwith other published findings (Hüffer & Hofmann, 2016; Wang & Wang, 2018a).Nevertheless, the sorption coefficients for both polymers were within the same orderof magnitude and in both cases the sorption was driven by hydrophobicity. Substancesthat have been absorbed strongly by one polymer showed also high affinities to theother. In both cases the model (Equation 3.4) could be fitted well to the measuredoverall pH-dependent partition coefficient PpH and for both cases those fits were betterfor stronger sorbing compounds. Based on the deduced KP,n and KP,i sorption of neutralspecies to polystyrene was stronger than to polyethylene whereas sorption of the ionicspecies was weaker for most of the substances (see tables in paper III).
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Figure 5.5: Sorbed fractions of the investigated contaminants to polyethylene atdifferent pH levels. The bars are colored according to the acid/base-properties of thesubstances as indicated in the legend.
Sorption at pH = 4
0 0.5 1
Fraction in Particles
Nonylphenol
Carbamazepin
Diclofenac
Ibuprofen
MCPA
Mecoprop
Torasemide
Triclosan
Atrazin
Benzotriazol
Carbendazim
Diazinon
Propiconazole
Tebuconazole
Terbutryn
Caffeine
DEET
Phenanthrene
TCPP
Sorption at pH = 7
0 0.5 1
Fraction in Particles
acids bases neutrals
Sorption at pH = 10
0 0.5 1
Fraction in Particles
Nonylphenol
Carbamazepin
Diclofenac
Ibuprofen
MCPA
Mecoprop
Torasemide
Triclosan
Atrazin
Benzotriazol
Carbendazim
Diazinon
Propiconazole
Tebuconazole
Terbutryn
Caffeine
DEET
Phenanthrene
TCPP
Figure 5.6: Sorbed fractions of the investigated contaminants to polystyrene at dif-ferent pH levels. The bars are colored according to the acid/base-properties of thesubstances as indicated in the legend.
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The detailed partitioning plots for every substance including the measured andmodeled PpH are reported in the corresponding supplementary information of paperIII in Appendix III 3.5. I calculated variation coefficients for PpH which revealed anincreasing variation with an increasing share of ionic species. Thus, for the weaklysorbing ionic species the error escalates. However, for some of the selected substancesthe results indicate that although to a very minor degree, their ionic species contributedto sorption as well. This was in particular observed for substances whose neutral speciessorb strongly as well (such as nonylphenol and triclosan). However, as I chose a liquid-to-solid ratio of 103 L kg−1 for my batch experiments, only slightly smaller partitioncoefficients (>500 L kg−1) could be determined with a reasonable uncertainty. Thepartition coefficients determined for polar and weakly sorbing compounds were subjectto greater uncertainty and the deviation between the calculated and the measuredvalues increased with decreasing sorption independent of the pH. Therefore, the partitioncoefficients determined for polar and weakly sorbing compounds are subject to greateruncertainty which is reflected in the variation coefficients. Furthermore, batch setupsas applied in my study focus on elucidating a specific process detail, like the species-specific sorption coefficients and do not reflect environmental relevant conditions (Lenzet al., 2016). In addition, for most of the investigated substances, the determined PpHswere in the order of 101 to 102 L kg−1, i.e. the mass flux from the aqueous phase intothe solid is small which leads to highly uncertain measurements of KP. Thus, sorptionefficiencies reported in literature, e.g. 60% and 70% for polyfluorinated compoundsorption to polyethylene and polystyrene (Llorca et al., 2018), are only possible undervery low and hence unrealistic liquid-to-solid ratios. Finally, it needs to be stated thatsuch small partition coefficients are not environmentally relevant as accumulation ofsuch compounds in microplastics is neglectable and thus their transport is not facilitatedby particles.
5.5.2 Influence of Dissolved Organic Matter
Experiments and modeling discussed in paper IV aimed to reveal the effects of thepresence of natural dissolved organic matter (DOM) on desorption of contaminants frommicroplastic particles. More specific, I analyzed the shifts of mass transfer in batchsystems as a function of partition coefficients which were manipulated with dissolvedhumic acids. In these experiments I used polyethylene particles and assessed theinfluence of humic acids for which previous studies already concluded a significant impacton desorption from organic phases (Smith et al., 2011; ter Laak et al., 2009). The impact,however, depends on whether mass transfer is controlled by film diffusion or intraparticlediffusion. Thus, I carried out experiments with three different substances that representa range of hydrophobicities (water solubilities) and used six different concentrationsof humic acids while the solid-to-liquid ratio (10−3 kg L−1) was kept constant. Therespective contaminant loads of microplastic particles and the experimental conditionsare described in detail in paper IV. For all substances equilibration occurred latestafter 8 h. As expected, the overall aqueous concentrations increased and, thus, theoverall partition coefficients K∗PE−W decreased with the DOM concentration (Figure
Sven Seidensticker 31
Results & Discussion
5.7). The experimental results match very well with the predicted values according toEquations 3.5 & 3.6. Additionally, the determined K∗PE−W values correlate well withthe hydrophobicity and increase with the KOW as it would be expected. Measured andcalculated partition coefficients into humic acid KDOM for phenanthrene and tonalideshow good agreement whereas they show relatively large deviations for benzophenonewhat I attribute to the insignificant influence of DOM. The detailed results are reportedin paper IV. Under equilibrium conditions, increasing the DOM concentration causedthe fraction of pollutants remaining in the microplastics to decrease.
Figure 5.7: Measured equilibrium concentrations in the aqueous phase against theconcentration of DOM in the batch (top) and relationships between partition coeffi-cients K∗PE−W and the concentration of DOM in the solution (bottom). Dashed linesare calculated by Equation 3.6 (top) and Equation 3.5 (bottom).
I analyzed the desorption kinetics by fitting the semi-analytical coupled mass transfermodel which I outlined above. Within Figure 5.8, the measured concentration timeseries for the batches with zero and the highest DOM concentrations are shown. Themodel results for external and internal mass transfer only (red and green dashed lines,respectively) and for coupled mass transfer (blue solid line) are included. Detailedresults regarding the results and parameter estimations are reported in paper IV.Kinetics for phenanthrene (Figure 5.8, row A) show an excellent agreement betweenthe experimental and simulation results. At early times external mass transfer controlledthe kinetics while at later times internal mass transfer prevailed. With increasing DOMconcentrations, the decreasing K∗PE−W shifted the mass transfer from film diffusion tointraparticle diffusion control and slowed down the kinetics in the batch system. Fortonalide, however, the compound with the highest hydrophobicity, such a shift couldnot be determined (Figure 5.8, row B). Over the whole range of DOM concentrationsthe kinetics were strongly controlled by external mass transfer and only at the highestDOM concentration curves for the coupled and the only external mass transfer startto deviate slightly (Figure 5.8, row B). Compared to phenanthrene and benzophenone,the aqueous equilibrium concentration was the lowest. Contradicting behavior wasrevealed for benzophenone (Figure 5.8, row C) as the compound with the highest water
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solubility. Thus, it had the highest equilibrium concentration in the aqueous phase. Thefraction of benzophenone remaining in the microplastics after equilibration ranged fromonly 6% (without any DOM) to less than 3% (for the three highest DOM concentrations)and the desorption kinetics were always controlled by intraparticle diffusion.
A
B
C
Figure 5.8: Desorption kinetics of phenanthrene (A), tonalide (B), and benzophe-none (C) from microplastics without and with the highest applied DOM concentra-tion. Aqueous concentrations are plotted against time and models for film diffusion,intraparticle diffusion, and coupling both diffusion processes are shown with the reddashed, the green dashed, and the solid blue line, respectively. The horizontal blackdotted line shows the equilibrium concentration.
While comparable studies indicated that increasing the DOM concentration generallyaccelerates mass-transfer kinetics, I found the opposite in my experiments. This apparentcontradiction is explained by different boundary conditions, e.g. different liquid-to-solid
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ratios and finite bath vs. infinite bath conditions (Smith et al., 2011; ter Laak et al.,2009). Note, that increasing DOM concentrations and thus decreasing K∗PE−W acceleratethe external mass transfer for low solid-to-liquid ratios (infinite bath) but slow it downfor high solid-to-liquid ratios (finite bath, Equations 3.14 & 3.15). As the diffusioncoefficients of DOM are a factor of two to three lower than for the used compounds,mass transfer changes would be less pronounced if a large fraction partitioned intoDOM (Cornel et al., 1986). For my experimental setup this would, if at all, affecttonalide at high DOM concentrations. However, the data and model do not show anysignificant influence of DOM. Thus, I did not specifically account for aqueous diffusionof DOM which would shift the mass transfer towards the particle interior and wouldresult in a lower importance of film diffusion.Regarding mass transfer under field conditions, studies on passive sampling indicatedthat it is usually clearly limited by external mass transfer, for compounds with K∗PE−Wvalues similar to or higher than for phenanthrene (Lampert et al., 2015). Although suchpassive samplers are frequently made of polyethylene, they are far thinner than themicroplastic particles applied in my experiments (Lohmann, 2011) and hence internalmass transfer is less restrictive because of shorter diffusion distances. Only a limitednumber of studies indicated that intraparticle diffusion might be important for assessingthe vector function of microplastics (Fries & Zarfl, 2012). Koelmans et al. (2013)investigated the role of organic matter on desorption kinetics and concluded thatinternal mass transfer might typically be the rate limiting process. While the latterauthors modeled the kinetics by two first-order mass-exchange processes in series, Iconsidered a more realistic intraparticle diffusion. Eventually, our model results and theexperimental findings suggest that intraparticle diffusion is not permanently controllingthe kinetics. However, Koelmans et al. (2013) applied their model to larger particleswith diameters of 0.4 and 1.3 mm which might explain this contrast since internal masstransfer times become more relevant with increasing particle size (Figure 5.4).Finally, DOM concentrations used in my batch experiments are higher than concen-trations usually found in aqueous environments. Such high DOM-concentrations aremore likely for (urban) wastewaters which frequently contain both organic contaminantsand microplastics (Murphy et al., 2016; Rule et al., 2006). Based on thermodynamicconsiderations, sorption and desorption kinetics are equal and thus the mass transferunder the applied high DOM conditions can be used to estimate the particle loading inwastewater. On the other hand, experiments without or with low DOM concentrationscan be applied to assess the microplastic-facilitated transport of pollutants in aquaticecosystems. The equilibration times would increase under field conditions where theLiquid-to-solid ratio approaches infinity. Thus, mass transfer becomes independent of
K∗PE−W for intraparticle diffusion, but increases with increasing K∗PE−W for external masstransfer control.
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5.6 Environmental Implications
One major argument in microplastic research is on the concentrations applied inexperiments as they are orders of magnitude above particle loadings detected in thefield (Lenz et al., 2016). However, quite recently, based on new technical developments,researchers were able to detect particles down to a size of 11 µm and suggested thatthe numbers reported so far may underestimate the true concentrations which arenevertheless still orders of magnitude below experimental concentrations (Minteniget al., 2017; Peeken et al., 2018). Accordingly, the question arises on how to transferfindings from the laboratory to the environment. Thus, a major achievement of thepresent thesis is the mechanistic mass transfer model derived from the experimentalresults and based on thermodynamic fundamentals. The coupled model allows acomprehensive investigation of the sorption interactions and due to the mechanisticcharacter it is furthermore possible to extrapolate to environmental settings withoutuncertain assumptions being necessary.
5.6.1 The Effect of the Particle Concentration and Organic CarbonBased on my experimental findings and well-known empirical relationships, I am ableto estimate kinetic interactions under field conditions and to assess ab initio thepotential of long-distance transfer of pollutants. As the internal mass transfer is anintrinsic property based on the polymer-dependent intraparticle diffusion coefficient, theexternal mass transfer is obviously the greatest uncertainty if my experimental findingsare extrapolated to the field. However, based on the Sherwood-relationship given inEquation 5.1 it is possible to estimate the mass transfer coefficients in environmentalsettings based on the known energy dissipation rates. Even though the hydrodynamicconditions are highly variable, the energy dissipation rate is stable within a certainrange and takes mean values of 10−5.5 and 10−7 m2 s−3 for rivers and oceans, respectively(Chickadel et al., 2011; MacDonald et al., 2007; Moum et al., 1995). Furthermore, it goesinto Equation 5.1 with a power of about 1/6 and is, thus, not very decisive. However,two more intricate determinable parameters are the particle concentration and thepresence of other sorbents which both have an enormous impact on the kinetics asshown for the latter in paper IV.In literature highly variable plastic particle numbers are reported, thus I used examplevalues to illustrate the effect of the solid-to-liquid ratio. Values for the rivers weremeasured in a wastewater treatment plant effluent by Mintenig et al. (2017) whereasthe oceanic concentrations were derived based on the estimated total weight of thesmall microplastic fraction in the ocean (∼ 107 kg, Worm et al. (2017)) and the totalvolume of water in the ocean (1.3×1021 L, according to the USGS). Assuming for each apolyethylene fraction of 0.25, I ended up with concentrations of 1.7×10−8 and 1.9×10−15kg L−1 as representative polyethylene amounts in rivers and oceans, respectively.It is well known that besides microplastics other sorbents, mainly natural dissolvedorganic carbon (DOC), are present in aquatic ecosystems and may interact withorganic contaminants. Therefore, I carried out a thorough literature research and foundrepresentative dissolved organic carbon (DOC) loads of 3×10−5 and 1.9×10−6 kg L−1
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for rivers and oceans, respectively (Hansell et al., 2012; Ouyang, 2003; Stramska, 2009).Additionally, I assumed partition coefficients as assembled for various organic pollutantsand polyethylene (Lohmann, 2011). All values are indicated in Figure 5.9 by the redand brown dashed lines for rivers and oceans, respectively.With these values it was possible, to model virtual kinetics for both environmentalsettings (Figure 5.9). According to Figure 5.9 (top left), I manipulated the effectivepartition coefficient K∗PE−W in my experiments by adding DOC, thus covering a widerange of kinetics limited by both internal and external mass transfer (Figure 5.8).Subsequently, I calculated the total characteristic time of mass transfer, computed byEquations 3.13-3.15 (Figure, 5.9 top right). At high mP/VW ratios, overall mass-transferkinetics are accelerated with increasing K∗PE−W , whereas they are slowed down atvery low ratios, approaching infinite bath conditions. Under finite bath conditions, adecreasing effective partition coefficient increases the characteristic time τinternalch ofinternal mass transfer while that of external mass transfer τexternalch is hardly affectedwhen considering strongly sorbing compounds (Figure 5.9, top right). Nevertheless,both the microplastic and the DOC concentration used in paper IV as represented bythe black dashed lines were considerably higher than values measured in rivers andoceans, illustrated by the red and brown dashed lines, respectively. Under infinitebath boundary conditions characteristic times of mass transfer may range betweenhours (for compounds with low partition coefficients intraparticle diffusion limits) andweeks (for those with high partition coefficients external mass transfer limits). Asstated earlier, the relative importance of internal and external mass transfer does notdepend on the solid-to-liquid ratio, improving the transferability from experimentalconditions to the field. However, as discussed above it depends to some extent onparticle sizes which, however, can easily be measured and accounted for (Equation5.1). Regarding the two virtual experiments shown in the bottom row of Figure 5.9, Ichose physico-chemical parameters similar to phenanthrene which is representativefor HOCs. Eventually, the particle and the DOC concentration determine the kineticbehavior. As illustrated, the kinetics in oceans is almost exclusively limited by filmdiffusion whereas the kinetics in rivers is controlled by external mass transfer at earlyand by intraparticle diffusion at later times. This is mainly a result of the higher K∗PE−Wand the higher Sh in rivers. Additionally, desorption time scales in river settings areapproximately by a factor of 14 faster as in ocean settings which predominantly followsfrom the higher particle concentrations. Moreover, follow-up simulations showed thatthe kinetics with solid-to-liquid ratios four orders of magnitude above the estimatedmean ocean concentrations show the same pattern and are thus also expectable inplastic waste accumulation zones.
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Figure 5.9: Influence of DOC on sorption kinetics under experimental and environ-mental conditions. Top row: The overall partition coefficient K∗PE−W as a function ofthe DOC concentration and KPE−W (left), and total characteristic times of mass transferas a function of the solid-to-liquid ratio and this overall partition coefficient (right).Black, red, and brown dashed lines represent experimental, river, and ocean DOCconcentrations, respectively. Bottom row: Sorption/desorption kinetics at ocean (left)and at river conditions (right). Intraparticle diffusion (IPD), film diffusion (FD), and thecoupled mass transfer model are shown as the dotted green, red, and the dashed blueline, respectively. Modelling parameters are reported in the supporting information topaper I in Appendix I 5.2.
5.6.2 The Role of Microplastics in the Environment
A key question in microplastic-contaminant research is whether a particle sampled inrivers or oceans reflects the ambient concentrations, i.e. it acts as a passive sampler, orif it rather behaves a transport vector releasing pollutants into the environment (Gouinet al., 2011; Karapanagioti et al., 2011; Zarfl & Matthies, 2010). The models presentedhere can be used to address this question. According to Van Sebille et al. (2012), aconsiderable fraction of particles released at the coast reaches the open ocean afterapproximately one year, and after ten years the majority of them has arrived at oneof the five subtropical maxima, better known as gyre accumulation zones (Maximenkoet al., 2012; Van Sebille et al., 2012). As already outlined, using my models and thecorresponding characteristic times, I can calculate the residual fraction of an organicpollutant in different types of particles as a function of their size. It is illustratedabove, that mainly particle-dependent rather than substance properties are decisivefor the kinetic behavior. Furthermore, with known physico-chemical properties, themodels apply to a wide range of neutral HOCs. According to the general concept, largerparticles take considerably longer to release a sorbed compound as diffusion distances
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within the particles get longer. In Figure 5.10, I illustrate the time scales needed toreach desorption of 90%, distinguished into intraparticle and film diffusion and calculatedseparately for each of the three polymer types I applied within my experiments as wellas with and without the presence of the representative DOC amounts. The detailedcalculations are explained in paper II. Again, these characteristic times depend on threeparameters, (i) the particle diameter, (ii) the material-specific intraparticle diffusioncoefficient, and (iii) the compound-specific partition coefficient in which the latter onlyinfluences external mass transfer. The characteristic times increase with increasingparticle diameter and with decreasing intraparticle diffusion coefficients (Figure 5.10).Additionally, characteristic times increase with increasing partition coefficient due toa shift to external mass transfer. Thus, film diffusion becomes slower as the presenceof DOC in the settings decreases the plastic-water partition coefficient. However, thechanges in the material-dependent parameters, i.e. size and intraparticle diffusion,affect the time scales much more than variations in the partition coefficient in particularwhen DOC concentrations are such low as in the sea (Figure 5.10). Consequently,plastic particles can act as a vector for contaminants mainly depending on materialand size. Small particles equilibrate fast and thus presumably reflect the ambientconcentration in water, i.e. they act as a passive sampler (Figure 5.10). The potentialfor long-range transport increases with the particle size squared and decreases withthe intraparticle diffusion coefficient. I explicitly do not conclude that microplasticssignificantly enhance the aqueous contaminant concentration which has been alreadyintensively discussed (Koelmans et al., 2016). Nevertheless, the long range transportpotential is given and needs to be considered. In particular in the risk assessmentof plastic associated additives and urban contaminants whose input paths differ fromthose of the common legacy POPs (Kwon et al., 2017).
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Figure 5.10: Characteristic times for 90% of initial mass desorption under experimen-tal conditions, in rivers and oceans, respectively, as a function of particle diameterand polymer material (polyethylene (PE), polystyrene (PS), and polyamide (PA). Theleft and right panel display the times with microplastic being the sole sorbent andwith river and ocean DOC loads included, respectively. Calculations are outlined aboveand in papers I and II. IPD = intraparticle diffusion, FD = film diffusion. The totalcharacteristic time for a particular polymer is the sum of the two given curves. FDin experimental settings is always fast due to stirring and thus, IPD dominates. Inrivers and oceans, Sh is lower and FD is slower than IPD for polyethylene. If DOCis considered, FD is slowed down in rivers but hardly affected in the ocean. Thus, forpolyethylene, in rivers IPD may dominate in some cases whereas in oceans FD prevails.Kinetics for polyamide and polystyrene are always limited by IPD.Sven Seidensticker 39

Conclusions & Outlook 6
The overall aim of this thesis was to utilize both experimental work and sophisticatedmodelling approaches to create a comprehensive understanding on how microplasticparticles interact with organic contaminants. Furthermore, I aimed to clarify the roleof microplastics in the environment, in particular whether they can be seen as sink orsource of pollutants. Understanding the role of microplastics in the environment leadsto an enhanced characterization of its hazard potential and thus this thesis eventuallyallows an improved risk assessment of microplastics and associated contaminants.In paper I a newly developed semi-analytical coupled mass transfer model clearlyreveals the governing mass transfer processes which are involved if sorption anddesorption-interactions between microplastic particles and hydrophobic organic con-taminants are considered. I could show that both external and internal mass transfermechanisms contribute decisively to the entire kinetics. It is not possible to revealsuch contributions or mass transfer shifts if simple first-order or pseudo second-orderapproaches are applied as they rely on bulk rate constants which are only valid for theparticular conditions and cannot be transferred to e.g. other particle concentrationsand flow conditions. Eventually, I gained evidence that a detailed mass transfer modelis necessary to extrapolate experimental results to the environment and this thesismakes a vital contribution by developing and validating such a model.Based on the experimental findings in paper II a mechanistic numerical schemewas established and successfully applied. It allows not only a detailed evaluation ofthe mass transfer processes involved in the kinetics but can be combined with linearand non-linear sorption isotherms. Consequently, the model can be implemented toevaluate and predict sorption kinetics to other types of suspended matter such ascarbonaceous particles. I revealed that the role of microplastics is mainly dependenton the particle-dependent properties themselves, in particular on the particle size andthe polymer type whereas the physico-chemical properties of the contaminants and theshape of the isotherm just play a minor role.Attempting to perform experiments and quantify sorption interactions for more envi-ronmentally relevant settings, namely a variety of compounds with different properties,in paper III I studied the influence of a changing pH on the sorption of neutral andionizable chemicals. However, at least for pristine plastic particles I could show, thatpartitioning is still the main sorption mechanism and sorption of charged speciesis irrelevant for environmental microplastic concentrations. Notwithstanding, sincemicroplastics concentrations currently observed in the environment are very low, myresults show that they are only a relevant sorbent for strongly hydrophobic compounds.
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Taking an important step further, within paper IV the effect of the presence ofdissolved natural substances as additional sorbent was evaluated and quantified.Under environmental conditions the occurrence of such competing sorbents is highlyrelevant and influences the redistribution of contaminants. I could show, that thepartitioning is significantly influenced by the addition of dissolved organic matter.The coupled model was successfully extended to integrate such effects. Furthermoreand contrary to common believe, I demonstrated that for high partition coefficientsdesorption kinetics is fast in batch experiments and controlled by external mass transfer.Conversely, for low partition coefficients, caused e.g. by high dissolved organic matterconcentrations kinetics was slow and limited by intraparticle diffusion. Data andmodel again evidenced, that desorption of contaminants from microplastics dependson boundary conditions and transfer of observations from batch experiments to fieldconditions requires an appropriate model accounting for the relevant mass transfermechanisms.As a result of UV-light exposure, mechanical stress and abrasion, and other weatheringprocesses particles undergo several changes once they have entered the environment(Andrady, 2017; Jahnke et al., 2017). This may cause the fragmentation of particles intosmaller pieces which accelerates the contaminant release but may as well induce poreformation whereby retarded pore diffusion would come into play (Wu & Gschwend, 1986).Thus, future experiments should focus on such weathered particles to elucidate the effectof weathering and quantify the contribution of further processes going beyond purefilm and intraparticle diffusion. Another main feature of environmental settings is theformation of biofilms on the particles. According to the extended two-film theory (Booijet al., 2007; Lewis & Whitman, 1924) they may act as an additional external resistanceand thus slow down the contaminant release as the diffusion within biofilms is lowerthan in water. First attempts are reported in paper I and include biofilm-influencedmass transfer analysis based on virtual experiments. Confirming that a biofilm acts asan additional external mass transfer compartment, the kinetics is slowed down withrespect to the biofilm thickness and mainly limited by external mass transfer. However,the equilibration times for scenarios with no, growing, and static biofilms just differ bya factor 3 indicating again that material dependent characteristics such as very lowintraparticle diffusion coefficients may play a more important role. Obviously, this effectonly comes into account if the kinetics is at least partially limited by film diffusion. Eventhough the calculations are based on findings of scientific articles, the assumptions arehighly speculative as long as no experimental data are present. Accordingly, upcomingexperimental work ought to focus as well on the influence of biofilms on the masstransfer and may be extended to reactive transport considerations once the biofilminteracts with the passing pollutants beyond its mass transfer resistance role.Moreover, commercial plastics usually contain additives such as antioxidants, flameretardants, and plasticizers in amounts from ranging from <0.1 up to 70 mass-%(Hermabessiere et al., 2017). It has been shown that during degradation processes andafter plastic particles enter the environment, such additives may be released (Gewertet al., 2018). Furthermore, a large share of such additives are hydrophobic and notreadily biodegradable (Kwon et al., 2017). Since additives can change the polymer
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properties, sorption experiments need to emphasize whether their release potentiallyinfluences the role of the different mass transfer mechanisms. As plasticizers changethe viscosity and hence influence the mobility of the polymer segments and the freevolume in the polymer, a concentration change may directly influence the intraparticlediffusion coefficients (Pascall et al., 2005; Shah & Shertukde, 2003). Thus, the internalmass transfer of both contained contaminants and additives may be a function of theadditive concentration and the developed numerical model can be expanded to includetime-dependent intraparticle diffusion coefficients. Once the behavior of additives isbetter understood, determined residual concentrations in particles found in the field mayserve further as a starting point for an age estimation provided initial concentrationsare known.Since I could show that microplastics are able to take up contaminants and to transportthem over long distances and out of wastewater treatment plants, the question ariseswhat happens once they arrive in systems with large concentrations of competingsorbents. First insights can be deduced from the results presented in paper IV whichare, however, limited to dissolved substances. As soon as other particulate sorbentsare present, this leads to a redistribution of initially sorbed contaminants whichsignificantly decrease the freely dissolved concentration in the aqueous phase. To studysuch redistributions, clean particles can be added to microplastic sorption experimentswhich are equilibrated. The subsequent decrease of the aqueous concentration can bemonitored via temporally high-resolved samplings. This would hypothetically disclosea peak in the freely dissolved concentration during the contaminants exchange betweenthe particles. Such redistributions will also mimic bioaccumulation of sorbed pollutantsto small organisms. Eventually, as the redistribution should follow the same masstransfer mechanisms as the uptake, such experiments can represent a proof-of-conceptapproach and are furthermore applicable to assess redistribution scenarios under fieldconditions.Finally, this thesis could distinctly evidence that sorption and desorption can bemodeled best by using a coupled mass transfer approach. Such models are highlyappropriate to extrapolate experimental findings to field settings and can serve asa solid base for risk assessment. Furthermore, one major achievement is that thetheoretical mass transfer considerations also apply to other suspended particles suchas suspended sediments. The utilized and well-defined microplastic particles are ideallysuited to perform in-depth mass transfer studies under controlled conditions. However,ultimately they are as well surrogates for particles occurring in the environment,including microplastics in urban runoff and contaminated sediment particles in whichthe latter are very likely much more frequent than microplastics but undergo thesame mass transfer mechanisms. Eventually, the outcome of this thesis is a valuablecontribution to the improved understanding and assessment of particle facilitatedtransport in water bodies.
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Part II
Appendix
A 1

Preamble
List of Papers
This thesis is an accumulation of publications. The findings are described in four papers:
Paper ISeidensticker, Sven; Zarfl, Christiane; Grathwohl, Peter:Microplastic-Contaminant interactions: modelling of sorption kinetics topolyethylene and environmental implications. In preparationPaper IISeidensticker, Sven; Zarfl, Christiane; Cirpka, Olaf Arie; Grathwohl, Peter (2019):Microplastic-Contaminant interactions: influence of non-linearity and coupled masstransfer. Submitted to Environmental Toxicology & ChemistryPaper IIISeidensticker, Sven; Lamprecht, Jonas; Grathwohl, Peter; Zarfl, Christiane (2018):A combined experimental and modeling study to evaluate pH-dependent sorption ofpolar and non-polar compounds to polyethylene and polystyrene microplastics.Environmental Sciences Europe, 30, 30Paper IVSeidensticker, Sven; Zarfl, Christiane; Cirpka, Olaf Arie; Fellenberg, Greta;Grathwohl, Peter (2017): Shift in mass transfer of wastewater contaminants frommicroplastics in the presence of dissolved substances. Environmental Science &Technology, 51(21), 12254-12263.Paper not included in the thesisKleinteich, Julia; Seidensticker, Sven; Marggrander, Nicolaj; Zarfl, Christiane(2018): Microplastics reduce short-term effects of environmental contaminants. PartII: Polyethylene particles decrease the effect of polycyclic aromatic hydrocarbons onmicroorganisms. International Journal of Environmental Research and Public Health,15(2).
I made the following contributions to the papers included in this thesis:
Paper Contributions to [%]Scientific ideas Datageneration Analysis andinterpretation PaperwritingI 60 100 60 80II 70 100 70 80III 70 70 70 80IV 60 80 60 80
A 3

Supporting Information
SI 1 Estimation and Prediction of Plastic Amounts
The estimations and predictions on the present and the future amount of marine plasticdebris, respectively, base on the articles published by Geyer et al. (2017) and Jambecket al. (2015). The data on the annual global polymer resin and fiber production from1950-2015 compiled by Geyer et al. (2017) and amended by the data from 2016, servedas the initial basis of my estimations. First, a second-degree polynomial functionwas fitted to these data applying a Gauß-Newton type least-square fitting routineimplemented in Matlab (polyfit). The obtained polynomial coefficients were usedto predict the future plastic production following the same function type. A standardprediction error ∆ of ∼ 7.3 was determined. My estimated cumulative plastic productionof 8.2×109 kg in 2016 fits closely to the estimated 8.3×109 kg by Geyer et al. (2017)but are a factor of ∼ 1.7 higher than the 4.8×109 kg estimated by Koelmans et al. (2017)for the same year as the latter authors only considered polymer resin production anddo not include fiber production.According to Jambeck et al. (2015) approximately 3% of the annual plastic productionend up in the ocean. Note, that my predictions base on a business-as-usual scenario, i.e.the plastic production continuously increases as predicted by the polynomial relationshipand no substantial changes are made to the waste management infrastructure and theconsumer behavior. If such a scenario is assumed, the cumulative amount of plasticdebris in the sea will increase from ∼ 250× 109 kg in 2016 to ∼ 910× 109 kg in 2050as illustrated in Figure SI 1. Within this prediction no distinction between floatingand sinking plastic is made. It additionally does not account for polymer degradationthrough weathering processes which happens, however, on much larger time scales andmay just slightly reduce the cumulative amount of marine plastic debris (Jahnke et al.,2017).
A 5
Supporting Information
Figure SI 1: Data and prediction of annual global plastic production including theamount of annually introduced marine plastic debris (top) and the respective cumu-lative curves on total polymer production and total marine plastic debris (bottom).As outlined in the text, a second-degree polynomial function (Pt = 40.5t2+111.3t+82.95)was applied to fit (1950-2016) and to predict (2017-2050) the annual global polymerproduction Pt in year t. The amount of added marine plastic debris is assumed to be3% of the annual production. They gray shaded area shows the 2∆ deviation with ∆ asthe standard error of estimation.
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Paper IModelling of Sorption Kinetics to Poly-ethylene and Environmental Implications
Abstract
The ubiquitous detection of macro- and microplastics has raised global concern andsorption of organic compounds to such plastic particles is increasingly studied. Asone of the most produced and environmentally abundant polymers, polyethylene iswell known for its ability to take up hydrophobic organic contaminants. Usually,rate-constant based first-order or pseudo second-order approaches are applied todescribe the sorption kinetics. Here, an in-depth investigation of sorption kineticsto various sized polyethylene particles were performed and the role of the differentinvolved mass transfer processes was revealed. The kinetics were determined in closedsystem batch experiments. It was evidenced that both internal and external masstransfer mechanisms may contribute decisively to the entire kinetics. Thus, we applieda semi-analytical coupled mass transfer model to describe the sorption process andsuccessfully validated the model with our experimental findings. This model doesnot rely on lumped rate constants and is able to simulate mass transfer shifts. Dueto the mechanistic nature of the model, it was furthermore possible to extrapolateour experimental findings to different environmental conditions. Decisive parametersregarding sorption kinetics are particle diameter, intraparticle diffusion coefficient, andthe polyethylene-water partition coefficients, but also particle concentrations whichare usually much higher in laboratory tests compared to field conditions. In this paper,we show how a change in one or more of these parameters influences the kineticsunder both experimental and environmental conditions in which the latter accounted forthe presence of other sorbents and biofilm-growing as well. Material- and compoundspecific parameters may affect the sorption/desorption kinetic depending on boundaryconditions. The results evidence that polyethylene microplastic particles play anambiguous role under environmental conditions. Small particles dominated by externalmass transfer presumably reflect the ambient concentration whereas larger particleswith high sorption capacity have the potential to transport associated contaminants overlonger distances. This environmental behavior is not always reflected in experimentalsettings and diffusion-based coupled mass transfer models are necessary to accuratelytransfer experimental findings to field conditions and to perform an improved riskassessment.
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I 1 Introduction
The ubiquitous detection of both macroplastics and microplastics shows that anthro-pogenic litter particles can now be found in all environmental compartments (Alimiet al., 2018; Horton et al., 2017; Law, 2017). As the primary plastic production reachesvolumes of more than 400 million tons in 2016 and is believed to increase even further,science and public have to deal with the problem (Geyer et al., 2017). One of themost produced polymers is polyethylene and in a wide variety of studies this is alsothe type of plastic which is most frequently detected in environmental samples (Autaet al., 2017; Hidalgo-Ruz et al., 2012; Mintenig et al., 2017). However, there is onlya limited number of studies published which focus on polyethylene and in particularon its feature to sorb contaminants as it is long been known from passive sampling(Allan et al., 2009; Lohmann, 2011; Tcaciuc et al., 2015; Thompson et al., 2015). Ifsorption is studied, the investigations usually concentrate on equilibrium partitioning,i.e. sorption isotherms and steady-state distributions of contaminants between differentsorbing phases. Only a minor percentage pay particular attention on the sorptionkinetics. There is how-ever, an ongoing discussion whether microplastics contributeto the transport of contaminants (Koelmans et al., 2016) or whether they act justas passive sampler reflecting the local environmental concentration. This requires acomprehensive understanding of sorption/desorption kinetics. Within this study wewill discuss and compare different kinetic sorption models and evaluate them basedon highly resolved experimental data from batch experiments. Furthermore, we willdemonstrate how process-based models can help to transfer experimental findings toenvironmental settings which is finally necessary to achieve an improved risk assess-ment of microplastic-associated contaminants. In particular microplastic concentrationstypically used in laboratory test differ largely from those detected in the environmentand only a mechanistic model allows to draw appropriate conclusions from experimentsregarding the role of microplastics and associated contaminants in the environment.
I 2 Theory
I 2.1 Plastic-Pollutant Interactions
Generally two different approaches of kinetic modelling of sorptive uptake in batchexperiments can be distinguished. Reaction-based models which rely on rate constants,and diffusional models which are derived from Fick’s laws (Tan & Hameed, 2017). Variousmodels from both categories have been used in microplastic research and beyond tostudy the sorption kinetics between particles and various (mostly organic) compounds.Within both approaches the concentration in water which is achieved under equilibriumconditions CW,eq can be calculated from the mass balance as:
CW,eq =
CW,ini +CP,ini
mP
VW
1+KP mPVW
(I 1)
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with CW,ini and CP,ini as the initial concentrations in the aqueous or particulatephase, respectively and mP,VW , and KP denoting the mass of particles, the volume ofwater, and the plastic-water partition coefficient defined as the ratio of the equilibriumconcentrations in particles and water. Kinetic models usually assume a constantequilibrium partition coefficient as boundary condition. The most applied and easiestmodel is certainly the first-order kinetics (FOK) in which the governing equation forsorptive uptake reads as (Tan & Hameed, 2017):
CW (t) = CW,eq ∗KP ∗ mPVW (exp [−k1t]−1)+CW,ini (I 2)where k1 and CW (t) are the first-order rate constant for sorption and the aqueousconcentration at time t, respectively. Usually k1 is the fitting parameter and given ins-1. The second commonly applied model is the pseudo second-order model (PSO)developed by Ho & McKay (1999) and written as:
dCP(t)
dt
= k2(CP,eq −CP(t))2 (I 3)
with k2 as the sorption rate constant and CP,eq and CP(t) as the amount sorbed atequilibrium and at time t which can be rewritten as:
CP,eq = CW,eqKP (I 4)
and thus
CP(t) =
(
CW,ini −CW (t)
)
VW
mP
(I 5)
by integrating equation I 3 with the applied boundary conditions CP(t) = 0 at t = 0and CP(t) = CP(t) at t = t this can be modified to:
CP(t) = t1
k2C2P,eq
+ tCP,eq
(I 6)
which is known as the integrated rate law for a pseudo second-order reaction.Analogous the concentration in the water phase is computed as:
CW (t) =
1−
( mP
VW
CW,eqKP
CW,ini
)
CW,eqKPk2t(
1+CW,eqKPk2t
)
CW,ini
(I 7)
Within these model types all relevant physical, chemical and thermodynamic pro-
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cesses are condensed in rate constants which makes them not very helpful to deducemechanistic knowledge (Tan & Hameed, 2017). Such models can be expanded, forinstance to the pseudo n-order model for n different from zero and the Elovich modelproposed by Ritchie (1977) and Elovich & Larinov (1962) Such an increase in complexityis usually accompanied by an increase in degrees of freedom. Concerning evaluation ofdata from contaminant sorption to microplastics, FOK and PSO are most frequentlyapplied, e.g. in Llorca et al. (2018); Rochman et al. (2013); Teuten et al. (2007); Wang& Wang (2018a); Xu et al. (2018); Zhang et al. (2018).Mechanistic models are based on Fick’s diffusion laws. Diffusion of a solute betweena particle and a liquid phase can be subdivided into two mass transfer processes(Karapanagioti et al., 2001; Seidensticker et al., 2017): Transport from the bulk solutionto the particle surface (external mass transfer) on the one hand and subsequent diffusionwithin the particle (internal mass transfer) on the other hand. Such diffusion-controlledkinetic models are mechanistic and represent the physical processes involved. Externalmass transfer can be described as the diffusion through an aqueous boundary layer(ABL) which surrounds the particle. Whereas this can be well described by first-orderapproaches (I 2), addressing internal mass transfer, i.e. intraparticle diffusion (IPD),needs a solution for Fick’s second law:
∂CP
∂t
−DP
[
∂2CP
∂r2
+
2
r
∂CP
∂r
]
= 0 (I 8)
in which DP and r are the material-dependent intraparticle diffusion coefficient andthe radial coordinate, respectively. Commonly, external and internal mass transferare studied with separate models. For instance, Weber & Morris (1963) proposeda modeling approach to describe kinetics which are limited by IPD and regardingmicroplastics was e.g. used by Wang & Wang (2018a):
CP(t) = CW,ini −
(
mP
VW
kpt1/2+ xi
) (I 9)
where kp denotes the IPD rate constant and xi an additional term that is neededto consider diffusion through an ABL which would literally mean that at t = 0 alreadysome instantaneous sorption occurred (Largitte & Pasquier, 2016). The square root oftime part of equation I 9 denotes an early time approximation of analytical solutions ofequation I 8. As shown in previous studies such simple approaches can have severelimitations and thus coupled models are needed (Seidensticker et al., 2017). Suchmodels describe both mass transfer mechanisms which is necessary to fully analyze andunderstand sorption kinetics. The model assumes as initial condition a homogeneousdistribution of the compound either in the particle or the water phase (whether sorptionor desorption cases are observed) and the concentration at the particle surface isin local equilibrium to the aqueous concentration at the particle/water interface asdescribed by KP. Mass transfer from a surrounding bulk solution of defined volume VWis controlled by the ABL and driven by the concentration gradient between the bulk
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solution and the concentration at the water/particle interface CW/P. Continuity of massfluxes requires:
J(t) = − (CW (t)−CW/P(t)) kW = −DPρP ∂CP
∂r

rP
(I 10)
In which J is the mass-flux density and kW is the external mass transfer coefficientof the pollutant from the bulk into the particulate phase. Multiplication by the plastic’smass density ρP on the right-hand side of the equation is necessary as the concentrationneeds to be expressed as mass of compound per mass of particle material. As theexperiments are typically performed in closed systems (batch experiments with finitebath boundary conditions), the concentration in the water phase changes according tothe total mass flux across the area of all particles which leads to the following massbalance equation:
dCW
dt
=
(
CW/P(rP, t)−CW (t)
)
kW
3
rP
mP
VW ρP
(I 11)
An analytical solution of equations I 8 and I 10 was derived after Laplace transfor-mation in time whose complete and detailed derivation is described in the supportinginformation to Seidensticker et al. (2017). Three cases of mass transfer controls areconsidered: (i) by external mass transfer only, that is, in the limit of DP→∞, (ii) byintraparticle diffusion only, that is, in the limit kW →∞ and (iii) by both processes inparallel. The analytical Laplace-transform solution of the bulk-phase concentrationis back-transformed into the time domain by the numerical method of de Hoog et al.(1982) implemented in Matlab. Furthermore, characteristic times τch may be calculatedfor the two aforementioned mass transfer processes and sensitivity of particle size andintraparticle diffusion coefficients can be evaluated. Characteristic times were derivedfrom the Laplace transformed analytical solution of the coupled mass transfer. Briefly,the overall characteristic time is defined as:
τch =
∫ ∞
0
(
CW (t)−CW,eq
)
dt
CW (0)−CW,eq (I 12)
and summarizes the equilibration time between the particulate and aqueous phaseand can be split into the two characteristic times τinternalch and τexternalch for internal andexternal mass transfer, respectively. They read as:
τinternalch =
r2P(
1+KP mPVW
)
15DP
(I 13)
and
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τexternalch =
KPρPrP(
1+KP mPVW
)
3kW
(I 14)
Since these characteristic times are additive, the overall mass transfer is slowerthan either of the single processes. The inverse of the characteristic times may beconsidered as rate constants [s−1]. Sorption kinetics in the finite bath accelerateswith increasing solid to liquid ratio (and increasing KP in equation I 13) which is notreflected in frequently used simple first order (equation) or pseudo second order models(equations I 2 & I 3).
I 3 Materials & Methods
I 3.1 Batch ExperimentsBatch experiments, i.e. measurements under finite bath boundary conditions, were per-formed to study sorption kinetics of phenanthrene to two different types of polyethyleneparticles which are listed in Table 1.
Table I 1: Properties of microplastic particles used in this study
Parameter Small Polyethylene(PE) Large Polyethylene(PE)
Supplier Azelis, Gotalene 120 German FederalInstitute for MaterialsResearch and TestingMean diameter [µm] 260 4.2×103Density [kg L−1] 0.92 0.92BET surface area [m2 g−1] 0.23 0.18
The experiments were performed in 0.5 L amber glass bottles (Duran, Borosilicateglass, Wertheim, Germany) in the dark and under a constant temperature of 20◦C. Phenanthrene (CAS# 85-01-8) was chosen as representative contaminant andpurchased from Sigma-Aldrich Supelco (Bellefonte, PA, USA) with a purity ≥99.5%. Forthe initial solution, ultrapure water was prepared with a Milli-Q water purificationsystem. Phenanthrene was spiked into the initial solution with concentrations of 106
µg L−1 and 116 µg L−1 for the experiments with small (dP = 0.26 mm) and large PE (dP= 4.2 mm), respectively. To avoid biodegradation, 0.05 g L−1 NaN3 were added. Theexperiments were performed with 500 mL solution and 500 mg of plastic particles whichled to a solid-to-liquid ratio of 10-3 kg L−1. The bottles were placed on a stirrer andconstantly stirred with 840 rpm. Glass stir bars (25×6 mm) were used to avoid sorbateloss to the system. Samples were taken every 2 min in the first 10 min, after 15, 20, 30,and 40 min, 1, 2, 4, 8, 24, and 48 hours, and continued until equilibrium was reached,
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i.e. that no significant concentration change was determined anymore. Experimentalduration for large particles was at least 10 days and samples were taken every 5 to10 days once 120 h of duration was reached. Exact sampling times and measuredaqueous concentrations are reported in the supporting information. The sorption toglass walls, stir bars etc. of the batch system was determined in triplicate using a260 µg L−1 solution of phenanthrene and found to be negligible (less than 2% loss inconcentration and thus smaller than the uncertainty of the GC measurements, datashown in Appendix I 5.2). As organic solvents cyclohexane, acetone, and acetonitrilewere used, all purchased from Merck Millipore (Darmstadt, Germany) in a GC gradientgrade purity. As the large PE particles were non-spherical, rather flat cylindricallyshaped, sphere equivalent radii based on the volume to surface ratio were calculatedfrom the diameter and height of the PE particles.
I 3.2 Chemical Analysis
Aqueous phenanthrene concentrations were analyzed by GC-MS. Sampling of 1 mLsolution were carried out at the described times using a glass pipette. To avoidplastic particles in the samples, a filtration step was performed for both plastic types,using inorganic membrane filters (Whatman Anodisc, pore size 0.2 µm, diameter 13mm) mounted to a stainless steel membrane holder which was attached to a glasssyringe via a Luer lock connection. For quantification 10 µL of deuterated internalstandard (20 µg mL−1 of phenanthrene D10 in acetonitrile) were added to the samplepost filtration. Subsequently a liquid/liquid extraction with 300 µL of cyclohexane wasexecuted. Measurements were performed using an Agilent 6890 N GC equipped with anAgilent 7683 B Autosampler and coupled to an Agilent 5973 inert MS. For separation,a J&W Scientific DB-5MS column (dimethylsiloxane 30 m × 0.025 mm ID, 0.25 µm filmthickness) and helium as carrier gas were used. The flow rate was 0.7 mL min−1 andthe device was operated in a pulsed splitless injection mode. Mass-to-charge ratiosused for quantification of phenanthrene and phenanthrene D10 were 178 and 188 for,respectively.
I 3.3 Parameter Estimation
For all kinetic models except the coupled model, parameters were fitted using the
LSQ-Curvefit routine implemented in Matlab, a Gauß-Newton type least-squaremethod. To avoid local minima in the fitting procedure, a wide range of initial ar-bitrary values for the parameters to be fitted that cover several log orders were tried.As the coupled model has two fitting parameters, namely the intraparticle diffusioncoefficient DP and the mass-transfer coefficient kW of the aqueous boundary layer,a Markov-Chain Monte Carlo method, DREAMZS, was applied. It estimates the pa-rameter distributions conditioned on the measurements (Laloy & Vrugt, 2012; Vrugt,2016). A uniform prior distribution was considered. As objective function, the sumof the absolute differences between the measurements and the simulated values wascalculated. The computed mean absolute errors (MAE) and root mean square errors
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(RMSE) are reported in Table 2. Additionally, the 5-95% quantiles are reported to coverthe uncertainty of the fitting procedure in the resulting parameter values.To assess which of the kinetic models fits best to the purpose, an estimator whichevaluates the model selection needs to be calculated. As such model selection criteria,the Akaike Information Criterion (AIC) and the Bayesian Information Criterion (BIC)were chosen. Both do not just appraise the goodness-of-fit but as well consider thecomplexity of the models by contemplating the number of fitted parameters (Akaike,1974; Schwarz et al., 1978):
AIC = −2ln(θˆ)+2k (I 15)
BIC = −2ln(θˆ)+ ln(n)k (I 16)
where ln(θˆ), k , and n determine the log-likelihood, the number of fitting parameters,and the sample size, respectively. Commonly the maximized log-likelihood ln(θˆ)) isused to assess the goodness-of-fit. However, we applied the relationship between ln(θˆ))and the residual sum of squares (RSS), which reads as (Burnham et al., 2011):
ln(θˆ) = −n
2
ln
(
RSS
n
) (I 17)
Thus, the RSS as a standard fitting procedure output can be used to calculate theinformation criteria. For both approaches, a smaller value indicates a better suitabilityof the model.Finally, mass transfer in the aqueous boundary layer is a well-known process andmay be characterized by utilizing Sherwood relationships, which are scaled by theparticle diameter and are transferable to different hydrodynamic setups through theReynolds and the Schmidt number, Re and Sc. The Sherwood number Sh here wascalculated as (Ohashi et al., 1981):
Sh = 2+ cRe1/2 Sc1/3 = 2+0.59
(
d4/3P ε
1/3
ν
)0.57 (
ν
Daq
)1/3 (I 18)
with the particle diameter dP [L] and with the kinematic viscosity of water ν [L2T−1], the substance specific aqueous diffusion coefficient Daq [L2 T−1 and the unknownenergy dissipation rate ε [L2 T−3]. If mass transfer is limited by film diffusion, kW maybe sensitively fitted and Sh (Sh = kWdPD−1aq ) can be calculated from the experimentalresults.
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I 4 Results & Discussion
I 4.1 Kinetics-Experimental DeterminationThe results of the kinetic experiments are shown in Figure I 1 and reported in Table I 2.It is obvious from the comparison of measured data and different model approaches,that mass transfer to the small PE particles (Figure I 1, left panel) is largely limitedby film diffusion whereas mass transfer to the large particles is mainly dominated byintraparticle diffusion (Figure I 1, right panel). The larger the particles the more masstransfer is limited by intraparticle diffusion and fitted coefficients for film diffusion arenot sensitive for large PE. Thus, the film diffusion parameters fitted for small PE can beused to calculate the mass transfer coefficient kW for large PE adapted to the particlesize and the hydrodynamic conditions. Eventually, Sh for small PE was estimated as7.1 and based on equation I 18, ε for our experimental setup could now be estimatedas 104.2 m2 s−3 which is reasonable for stirred systems and can be used to calculate atheoretical Sh for the large particles of 45 and thus kW for the large particles which wasestimated as ∼ 8×10−6 m s−1 (Kawase & Moo-Young, 1987). The numerical results of thekinetic experiments including the outcome for the fitted rate constants are summarizedin Table I 2.
Table I 2: Results of the kinetic experiments.
Parameter Small Polyethylene(PE) Large Polyethylene(PE)Coupled Modelmean absolute error [µg L−1] 2.7 0.9root mean square error [µg L−1] 4.3 1.2Log KPE 4.18 4.20kW [m s−1] 2.1×10−5 2.5×10−5range, 5-95% quantile 1.9−2.2×10−5 2.4−2.5×10−5DP [m2 s−1] 7.2×10−14 6.4×10−14range, 5-95% quantile 4.8−12.3×10−14 5.9−6.8×10−14Sherwood numbercalculated/measured -/7.1 45/130Other ModelsFirst-Order rate constant [s−1] 4.7±0.3×10−4 1.7±0.2×10−5Pseudo Second-Order rateconstant [kg g−1 s−1] 1.1±0.2×10−8 2.3±1.7×10−10
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For the large particles the theoretically expected and fitted Sherwood number differonly slightly. Furthermore, if the waterfilm thickness is expressed as percentage of theparticle diameter, it is ∼1% and ∼10% for the large and small particles, respectively.Film diffusion seems to be slightly more relevant than expected for large particlesmaybe due to the shape of the particles (cylinders and not spheres) or it can be stilla result from the non-sensitive fitting. Nonetheless, the fitted intraparticle diffusioncoefficients are very similar as it would be expected for the same material and arefurthermore in good agreement to literature values (Lohmann, 2011; Seidensticker et al.,2017). Additionally, the partition coefficients compare very well to earlier measurements(Lohmann, 2011; Rusina et al., 2010; Seidensticker et al., 2017). As expected largerparticles take considerably longer to reach equilibrium, around 103.9 h compared toapproximately 101.5 h for the small particles (Figure I 1, left panel) which is a factor of
∼ 250 and reflect difference between the diameters squared which is a factor of ∼ 260.Furthermore, the model evaluation metrics AIC and BIC are the smallest for the coupledmodel in both cases, confirming it performed best in simulating the kinetics comparedto the FOK and PSO models. However, the differences between these selection criteriawere greater for the large particles. This is attributed to the fact, that mass transfer tothe small particles is mostly limited by film diffusion which can be estimated with anfirst-order exponential function. On the other hand, the shift from film to intraparticlediffusion is much more pronounced for the large particles and thus the coupled modelhas a greater advantage as both processes need to be considered.
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PE small PE large
PE small PE large
PE small PE large
Figure I 1: Experimental results of phenanthrene sorption to small PE (left panel)and to large PE (right panel). First and second row show semi-logarithmic plots of themeasured aqueous concentrations and double-logarithmic plots of apparent partitioncoefficients over time, respectively. In the third row the results of the calculated modelinformation criteria AIC and BIC are illustrated. Note, that smaller values for the ICsindicate a better model performance. FD = film diffusion, IPD = intraparticle diffusion.
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I 4.2 Kinetics - Influence of Particle Size, Sorption and IntraparticleDiffusion CoefficientsWith increasing particle size Sh increases (equation I 18) and external mass transferresistance becomes less important compared to intraparticle diffusion. At early times,however, film diffusion is relevant since intraparticle diffusion distances are very shortand concentration gradients are steep. The effect of the particle size, i.e. the radius, canbe elucidated by calculating the characteristic times as a function of radii as illustratedin Figure I 2 for both experimental (left, finite bath) and environmental (right, infinitebath) settings.
Figure I 2: Effect of particle radius and partition coefficient on the total characteristictime τch: left experimental conditions, i.e. a solid-to-liquid ratio and a Sherwood numberof 10−3 kg L−1 and 7.1; right infinite bath conditions ("oceans") with a solid to liquid ratioof 10−10 kg L−1 and a Sherwood number of 2. In both cases the intraparticle diffusioncoefficient was set to 1×10−13 m2 s−1.
In both cases mass transfer is slower for larger particles suggesting slow accumulationof ambient contaminants ("passive samplers") and slow release of e.g. pre-containedadditives ("pollutant vectors"). Under environmental conditions (infinite bath) increasingpartition coefficient for large particles (intraparticle diffusion dominated) cause longertimes scales e.g. for desorption while for small particles film diffusion dominates andthe influence of KP becomes less pronounced. Under finite bath boundary conditions(laboratory tests in batch experiments) time scales are much shorter which is notreflected by first order or second order models. For large particles not only the sizehas a huge influence on mass transfer time scales but also intraparticle diffusivitieswhich may vary orders of magnitude depending on the material (Pascall et al., 2005).The lower the intraparticle diffusion coefficients are, the slower is the internal masstransfer and hence the whole kinetics. DP is strongly related to the glass transitiontemperature Tg of the plastic material (Pascall et al., 2005). Is the ambient temperature>Tg , the segmental and thus the free intraparticle volume is increased which results inhigher diffusion. The effect of DP on the total τch is shown in Figure I 3. Obviously,a smaller DP results in a slower mass transfer. Again, the time scales expectedin experimental settings are faster due to the higher solid-to-liquid ratio and thesubsequently accelerated external mass transfer. The itemized characteristic times for
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sole external and internal mass transfer are reported in the Appendix I 5.2.
Figure I 3: Effect of intraparticle diffusion coefficients and partition coefficient onthe total characteristic time τch. The left figure shows experimental conditions, i.e. asolid-to-liquid ratio of 10−3 kg L−1 and a Sherwood number of 7.1. The right figureshows environmental settings, i.e. a solid-to-liquid ratio of 10−10 kg L−1 and a Sherwoodnumber of 2. For both cases the particle diameter was 250 µm.
Depending on contaminants (and not so much on plastic types), the partition coefficientcan spread over several orders magnitude as well. They are not only important fordetermination of sorbed amounts but also influence the kinetics, but which also dependson the boundary conditions, i.e. finite vs. infinite bath. Under experimental conditions(finite bath) increasing KP leads to an acceleration of kinetics. Since microplasticconcentrations used in experimental setups are considerably higher than those observedin the environment (Lenz et al., 2016) kinetics under laboratory and field conditionsare hardly comparable. In experiments, i.e. under finite bath boundary conditions withlarge particle concentrations, kinetics is fast (equilibration is achieved within hours,Figure I 4).
Figure I 4: Effect of particle concentration and partition coefficient on the total char-acteristic time τch. The left figure shows experimental conditions, i.e. Sherwood numberof 7.1 whereas the right figure shows environmental settings, i.e. a minimum Sher-wood number of 2. For both cases the particle diameter was 250 µm and cases theintraparticle diffusion coefficient was 1×10−13 m2 s−1.
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External mass transfer is independent of KP whereas internal mass transfer isaccelerated with increasing KP. Under environmental conditions, i.e. VW →∞, thekinetics are generally slower (Figure I 4). Here, internal mass transfer is independent of
KP while external mass transfer is slowed down with increasing sorption. The changesbetween environmental and experimental conditions in Figure I 4 are solely due to thedifferent energy dissipation rates reflected in the different Sherwood numbers and afaster external mass transfer in experiments.It is not possible to reveal such shifts if kinetics are modelled using simple FOK andPSO approaches as they do not take separate mass transfer processes into account andthe determined rate constants are only valid for the particular conditions and cannotbe transferred to e.g. other particle concentration or flow conditions. Therefore, it isclear that models considering both film and intraparticle diffusion processes need tobe considered in modelling of sorption/desorption kinetics and only this allows properrisk assessment; simple first order or second order curve fitting models will misjudgepollutant sorption/desorption timescales if findings from the lab are extrapolated tofield settings.
I 5 Implications & Outlook
I 5.1 Influence of Organic Carbon and Similar Sorbents
It is well known that besides microplastics other sorbents are present in rivers andoceans e.g. particulate organic carbon which as well takes up organic contaminants.Utilizing our mechanistic models and based on our previous experimental findings(Seidensticker et al., 2017) for example regarding the influence of dissolved organicmatter on partition coefficients and sorption/desorption kinetic we can extrapolateexperimental results to field conditions. As energy dissipation rates for rivers andoceans are known, external mass transfer in the environment can be estimated basedon the Sherwood relationship shown in equation I 18. Representative data regardingboth the microplastic concentration and the dissolved organic carbon (DOC) loads inrivers and oceans were collected within the literature and described in detail in thesupporting information. In Figure I 5 we illustrate the influence of organic carbon onthe overall partition coefficient (top left) and its influence on the total characteristictime (top right). Again, overall mass transfer is accelerated at high solid-to-liquidratios and high partition coefficients where-as kinetics is slower under field conditions.Note, that the river and ocean DOC loads are only representative concentrations whichcan enormously vary in the environment. The two graphs in the bottom row show thekinetics under ocean (left) and river (right) conditions, which differ only slightly. Dueto the lower organic carbon load, i.e. lower partition coefficients, the kinetics in theocean are almost only limited by film diffusion. In rivers, external mass transfer controlsthe kinetics and at later times internal mass transfer comes into account. Eventually,the results of this virtual experiment show the necessity for mechanistic models sincethe transferability between lab and field conditions is still given if conditions, i.e. theconcentration of further sorbing phases, change.
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Figure I 5: Influence of DOC on sorption kinetics under experimental and environ-mental conditions. Top row: The overall partition coefficient K∗PE−W as a function ofthe DOC concentration and KPE−W (left), and total characteristic times of mass transferas a function of the solid-to-liquid ratio and this overall partition coefficient (right).Black, red, and brown dashed lines represent experimental, river, and ocean DOCconcentrations, respectively. Bottom row: Sorption/desorption kinetics at ocean (left)and at river conditions (right). Intraparticle diffusion (IPD), film diffusion (FD), andthe coupled model are shown as the dotted green, red, and the dashed blue line,respectively. Modelling parameters are reported in Appendix I 5.2.
I 5.2 Influence of Biofilms on KineticsIt is widely assumed that biofilms attach to floating microplastics and there is adiscussion how this may impact mass transfer (Rummel et al., 2017). Mechanisticmodels easily allow to elucidate this in more detail. Given, that in a steady-stateflux between the aqueous phase and the particles, the effective diffusion coefficientcan be estimated as the harmonic average of mass transfer in the two interfaces asexplained in the supporting information. Since biofilms consist of >90% water, diffusioncoefficients in biofilms are close to aqueous diffusion coefficients (Rittmann & McCarty,1980a). The maximum biofilm thickness is strongly connected to the flow conditionsand depends on hydrodynamic conditions (Horn et al., 2003; Paul et al., 2012). Themaximum thickness was derived from a study performed by Chen et al. (2019) in whichthe thickness for the maximum grown biofilm was ≈ 25% of the plastic thickness. Fora virtual experiment two scenarios were considered which are explained in detail inthe Appendix I 5.2. Briefly, the coupled model was amended by a two-film diffusionmodel following Lewis & Whitman (1924) to model effective diffusion (diffusion in theABL plus diffusion in biofilm) and mass transfer through the ABL, the biofilm, and theparticle in series. Within the first scenario the biofilm was directly set to its maximum
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value (Figure I 6, static). In the second scenario an exponential growth function wasutilized to model the biofilm growth (Bernard & Rémond, 2012; Rittmann & McCarty,1980b). Thus, for this scenario both the biofilm thickness and the effective diffusionare a function of time and hence the external mass transfer changes with time as well(Figure I 6, growing).
Figure I 6: Modelling of sorption/desorption from PE under three different biofilmscenarios (no biofilm, growing biofilm, static biofilm). The thickness of PE particleswas set to 250 µm, i.e. the maximum biofilm thickness was 62.5 µm. Growth of biofilmwas simulated with a growth rate of 1.6 d−1, a cell thickness of 10 µm, and an initialthickness of 1 µm utilized in an exponential growth function. Initial concentrationin the spheres was 50 mg kg−1 with a log KP of 4.0. DP and Dbio were 6.8× 10−14and 2.99×10−10 m2 s−1, respectively. For external mass transfer, a Sh of 5 calculatedaccording to equation I 18 was chosen.
As PE was used for the modelling, the kinetics is mainly limited by film diffusion.The biofilm acts as an additional external mass transfer resistance and slows downkinetics. The scenario with the static biofilm shows the longest time until equilibrationwhereas the dynamic scenario is in between these two but just slightly faster thankinetics without a biofilm at all. However, it could be shown that within both biofilmscenarios, the kinetics are clearly limited by external mass transfer. This, however, canbe different if intraparticle diffusion coefficients are lower which would be expectedfor other polymeric materials (Pascall et al., 2005). The presented modeling resultshowever, have to be supported by experimental work.Regarding the heavily discussed vector function of microplastic particles (Koelmanset al., 2016; Lohmann, 2017) this study could distinctly reveal that sorption and desorp-tion can be modeled best by using a coupled model based on a diffusional approach.Furthermore, such mechanistic models are a prerequisite to transfer experimental find-ings to environmental conditions. This may be applied to analyze the vector potential
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and to perform an improved risk assessment. Furthermore, the growth of a biofilm onthe plastic surface, which is likely to happen under environmental conditions, causesexternal mass transfer resistance to dominate and depending on the film thicknesssignificantly slows down desorption kinetics and would thus enhance the probability ofparticles acting as a pollutant vector.
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System Sorption
The loss of phenanthrene to the batch system, i.e. the sorption by the system, wasestimated by using a batch setup with the materials (e.g. glass bottle, glass stir bar,etc.) but without plastic particles. The initial concentration of phenanthrene in thatsetup was 266 µ g L−1, measured by GC-MS as described in the main manuscript.Samples were taken after various time points with the latest after 264 h. As it can beseen from Figure I A1, the loss of phenanthrene to the system does not show any trendover time but varies around CW,ini with a maximum deviation of 1.7%.
Figure I A1: Concentration-time series of the system sorption batch. Concentrationsof phenanthrene are plotted on the left y-axis with CW,ini as dashed blue line. Valuesof the percentage deviation of CW (t) from CW,ini at the respective times are plotted tothe right y-axis.
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Experimental Data
Table I A1: Sampling time points and aqueous phenanthrene concentrations from thekinetic batch experiments for the small and large PE particles.
time measured concentrationsmall PE large PE[min] [µg L−1]initial 106.3 115.92 89.5 117.04 85.3 115.06 83.4 112.98 83.4 112.410 80.9 111.015 76.6 111.520 63.7 110.130 51.5 107.640 39.6 105.960 26.0 101.6120 15.4 95.1240 8.9 80.9480 7.1 66.8[days]1 6.7 42.12 6.7 29.95 6.4 20.08 16.910 15.613 13.919 11.126 9.930 10.040 8.950 8.560 8.470 8.375 7.890 6.9105 6.9125 7.8150 6.9
A 26 Sven Seidensticker
Supporting Information to Paper I
Modelling Parameters
Table I A2: Parameters considered for the different modelling setups and the respec-tive references.
Parameter Value [unit] ReferenceMicroplastic concentrationriver 1.7×10−8 [kg L−1] Mintenig et al. (2017)Microplastic concentrationocean 1.9×10−15 [kg L−1] calculated according toWorm et al. (2017)Diffusion coefficient water
Daq
7.6×10−10 [m2 s−1] calculated according toWorch (1993)Diffusion coefficient PE DPE 1.6×10−13 [m2 s−1] Seidensticker et al. (2017)turbulence kinetic energydissipation rate river 10−5.5 [m2 s−3] Chickadel et al. (2011);MacDonald et al. (2007)turbulence kinetic energydissipation rate ocean 10−7.0 [m2 s−3] Moum et al. (1995)Total organic carbon river 5×10−5 [kg L−1] Ouyang (2003)
Total organic carbon ocean 1.9×10−6 [kg L−1] DOC: Hansell et al. (2012),POC: Stramska (2009)Biofilm porosity ε 0.72 [-] Zhang & Bishop (1994a)Biofilm tortuosity factor 1.31 [-] Zhang & Bishop (1994b)Biofilm density 1002.2 [kg m−3] Zhang & Bishop (1994a)Diffusion coefficient biofilm Daq × ε3 [m2 s−1] Zhang & Bishop (1994b)Biofilm growth rate 1.6 [s−1] Bernard & Rémond (2012)Biofilm single cell thickness 10−5 [m] Murga et al. (1995)
Sven Seidensticker A 27
Supporting Information to Paper I
Total Characteristic Times
Influence of Intraparticle Diffusion Coefficients
Figure I A2: Effect of intraparticle diffusion coefficient on τch in an experimentalsetting. Top left: Total τch, top right: Ratio of characteristic times, bottom left: τinternalch ,bottom right: τexternalch . Calculations base on a plastic concentration of 10−3 kg L−1,particle diameter of 250 µm, and a Sherwood number of 7.1.
Figure I A3: Effect of intraparticle diffusion coefficient on τch under infinite bathboundary conditions. Top left: Total τch, top right: Ratio of characteristic times, bottomleft: τinternalch , bottom right: τexternalch . Calculations base on a plastic concentration of
10−10 kg L−1, particle diameter of 250 µm, and a Sherwood number of 2.
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Influence of Particle Size
Figure I A4: Effect of the particle diameter on τch in an experimental setting. Top left:Total τch, top right: Ratio of characteristic times, bottom left: τinternalch , bottom right:
τexternalch . Calculations base on a plastic concentration of 10−3 kg L−1, DPE = 1.6×10−13m2 s−1, and a Sherwood number of 7.1.
Figure I A5: Effect of the particle diameter on τch under infinite bath boundaryconditions. Top left: Total τch, top right: Ratio of characteristic times, bottom left:
τinternalch , bottom right: τexternalch . Calculations base on a plastic concentration of 10−10 kgL−1, DPE = 1.6×10−13 m2 s−1, and a Sherwood number of 2.
Sven Seidensticker A 29
Supporting Information to Paper I
Influence of Particle Concentration
Figure I A6: Effect of the particle concentration on τch in an experimental setting. Topleft: Total τch, top right: Ratio of characteristic times, bottom left: τinternalch , bottom right:
τexternalch . Calculations base on a particle diameter of 250 µm, DPE = 1.6×10−13 m2 s−1,and a Sherwood number of 7.1.
Figure I A7: Effect of the particle concentration on τch under infinite bath boundaryconditions. Top left: Total τch, top right: Ratio of characteristic times, bottom left:
τinternalch , bottom right: τexternalch . Calculations base on a particle diameter of 250 µm,
DPE = 1.6×10−13 m2 s−1, and a Sherwood number of 2.
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Modelling of Biofilm Kinetics
The mass transfer through the biofilm was modelled following a two-film approachafter Lewis & Whitman (1924). Thus, mass transfer through the aqueous boundary layerand mass transfer through the biofilm were integrated in an overall external masstransfer kall which represents the two different diffusional processes in series. Given,that in a steady-state flux between the aqueous phase and the particles, the effectivediffusion coefficient can be estimated as the harmonic average of mass transfer in thetwo interfaces, the overall external mass transfer through an aqueous boundary layerand a biofilm can be calculated as:
kall =
De f f
δbio+ δW
(I A1)
with
De f f =
δbio+ δW
δbio
Dbio
+
δW
DW
=
δbio+ δW
k−1bio+ k
−1
W
(I A2)
where δW and deltabio denote the thickness of the aqueous boundary layer and thebiofilm, respectively, whereas DW , Dbio, and De f f are the diffusion coefficients in water,the biofilm, and the effective diffusion coefficient, respectively. Since biofilms consist of>90% water (Rittmann & McCarty, 1980a), Dbio is close to DW . As specified in the mainmanuscript, the maximum biofilm thickness of δbio,max = dP ×0.25 was derived from Chenet al. (2019). Within two scenarios, deltabio was once set directly to its maximum value(static) and once grown (dynamic) over time based on a first-order growth (Rittmann &McCarty, 1980b) which is the easiest approach but sufficient to give first insights. Forthat purpose a growth rate constant of 1.6 d−1 (valid for microalgal growth (Bernard &Rémond, 2012)) was modeled utilizing an exponential growth, limited to the maximumthickness δbio,max (Rittmann & McCarty, 1980b). All relevant biofilm parameters arereported in I A2. Diffusion coefficients within biofilms can be estimated form theirporosity ε. Within the present simulation, Dbio was estimated based on the relationshipobtained by Zhang & Bishop (1994b) which calculates Dbio as DW × ε3.
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Paper IIMicroplastic-Contaminant Interactions:Influence of Non-Linearity and CoupledMass Transfer
Abstract
Microplastic particles are ubiquitously detected in the environment. Despite intensivepublic and scientific discussions, their potential of transporting contaminants in riversand oceans under environmental conditions is still under assessment. In this study, wemeasured sorption isotherms and kinetics in batch experiments using phenanthreneas typical hydrophobic wastewater contaminant and microplastic particles, differing insize and material. We observed a linear sorption isotherm for polyethylene, contrastedby nonlinear sorption of polyamide and polystyrene which could be described best bythe Freundlich and Polanyi-Dubinin-Manes isotherms, respectively. We model sorptionkinetics as a combination of external mass transfer governed by diffusion through anaqueous boundary layer and intraparticle diffusion within the plastic. Which of theseprocesses controls the kinetics depends on the sorption strength, particle size, diffusioncoefficients, and time. We used semi-analytical and numerical methods to simulate thecoupled mass transfer for both linear and non-linear sorption. We successfully appliedthe semi-analytical model to polyethylene and the numerical code to polyamide andpolystyrene, reproducing the measured kinetics and obtaining reasonable values formass transfer and intraparticle diffusion coefficients. Subsequently, we used thesecoefficients to estimate the transport potential and relevant time scales for microplastic-bound contaminants under environmental conditions.
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II 1 Introduction
Plastic debris in general and microplastics, i.e. items <5 mm, in particular have raisedmany concerns and attracted attention in both science and public (Horton et al.,2017; Law, 2017; Syberg et al., 2015). Most published studies focus on the detectionand quantification of plastic particles in different environmental matrices, the fate ofparticles, or ecotoxicological effects of microplastics on organisms. Even though there isan ongoing discussion how microplastics contribute to the transport of contaminants inaquatic systems (Burns & Boxall, 2018; Koelmans et al., 2016), only a limited numberof studies addresses the kinetics of sorption and desorption of contaminants to and fromplastics, the underlying mechanisms, and the corresponding role of plastics as potentialpollutant vector (Hartmann et al., 2017; Zarfl & Matthies, 2010). Recent modellingstudies could show that under certain conditions and time scales, plastic particles maycontribute to the accumulation of PAHs in aquatic food webs (Diepens & Koelmans,2018). Nevertheless, for a more realistic assessment of their accumulation and transport-vector potential it is necessary to adequately describe sorption/desorption of pollutantsover time accounting for both particle and chemical properties. Recently, a growingnumber of studies reported sampling of plastics from the ocean and extraction of theassociated pollutants (Chen et al., 2017). Whether such sorbed pollutants representambient concentrations (in which plastic acts as passive sampler) or traveled longdistance with the plastic (in which plastic acts as transport vector) is unclear. In orderto address this question, the aim of this study was to develop mechanistic models thatconsider the sorption/desorption kinetics, to validate these models by experimentaldata from the laboratory, and to extrapolate the obtained knowledge to environmentallyrelevant time scales and settings.
II 1.1 Plastic-Pollutant InteractionsEquilibrium sorption of organic contaminants into plastic has been described by differenttypes of sorption isotherms such as the linear, Freundlich, and Langmuir models (Hüffer& Hofmann, 2016). Quite recently more refined models such as the poly-parameter linearfree energy relationship were applied to predict partitioning more accurately (Hüfferet al., 2018). However, because sorption involves the incorporation of the compoundsinto the interior of the solid plastic particles, assuming local equilibrium between thesurrounding water and the microplastics may be misleading. A variety of models havebeen developed to describe the kinetics of sorption onto/into particles (Endo et al., 2013;Teuten et al., 2009). Typically, Fickian diffusion is considered to be the rate limiting step.Diffusion between a particle and a liquid phase usually is subdivided into transportfrom the bulk solution to the particle surface (external mass transfer) and subsequentdiffusion within the particle (internal mass transfer) (Pignatello & Xing, 1996; Tcaciucet al., 2015). In this framework, external mass transfer can be described as the diffusionthrough an aqueous boundary layer surrounding the particle. While external masstransfer can be well described by a first-order approach, in which the mass flux isproportional to the concentration difference across the aqueous boundary layer, theinternal mass transfer, i.e. intraparticle diffusion, requires a description accounting
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for the temporal change of the concentration profile within the particle (Grathwohl,2012). Seidensticker et al. (2017) presented a semi-analytical model to describe thekinetic mass transfer between aqueous solutions of organic contaminants and sphericalparticles of polyethylene (PE). This model required sorption to be linear (partitioning).In the present study, we consider sorption of phenanthrene onto/into different typesof plastic particles such as polyamide (PA) and polystyrene (PS). The kinetics will belinked to the respective sorption isotherms to achieve a comprehensive explanationof the sorptive interactions. In case of linear sorption isotherms, the semi-analyticalmodel is applicable, In the case of non-linear sorption isotherms, however, we need toapply a numerical model of diffusive mass transfer within the particles and across theaqueous boundary layer because closed-form expressions are not available.
II 2 Theory
II 2.1 Mass Conservation Laws
Within the microplastic particles, the diffusion equation in spherical coordinates applies:
∂CP
∂t
−DP
[
∂2CP
∂r2
+
2
r
∂CP
∂r
]
= 0 (II 1)
in which CP [M M−1] is the mass-related concentration of the organic compoundin the plastic, t [T] is time, and DP [L2 T−1] and r [L] are the material-dependentintraparticle diffusion coefficient and the radial coordinate, respectively. Sorptionequilibrium between the plastic and water at the surface of the plastic particle, and aconcentration gradient of zero in the center of the sphere are assumed as boundaryconditions. As initial condition, we assume the concentration in the particle to beuniform. The particle exchanges mass with a surrounding bulk solution of a definedvolume VW [L3] via the aqueous boundary layer. Mass transfer through the boundarylayer is driven by the concentration gradient between the bulk solution and the aqueousconcentration at the surface of the particles. Then, the mass balance at the surfacerequires:
dCsur f
dt
=
(
CW (t)−CW/P(t)
)
kW −DPρP ∂CP
∂r

rP
(II 2)
in which CP [M L−3] is the bulk phase concentration CW/P [M L−3] is the aqueousconcentration at the particle surface Csur f [M L−2] as the mass of sorbate per surfacearea, KP [L3 M−1] is the plastic-water partition coefficient, rP [L] denotes the particleradius, and kW [L T−1] ] is the mass-transfer velocity. Multiplication by the mass density
ρP [M L−3] of the particles in the intraparticle-diffusion term of the equation is neededbecause the concentration in the particles is expressed as mass of the compound permass of the particle material, whereas the concentration in the aqueous phase isvolumetric.
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As the experiments are performed in a closed system, the concentration in the waterphase changes according to the total mass flux across the area of all particles, leadingto the following mass balance equation:
dCW
dt
=
(
CW/P(rP, t)−CW (t)
)
kW
3
rP
mP
VW %P
(II 3)
in which mP [M] is the mass of all particles, the factor 3/rP is the area-to-volume ratioof a single particle, and mP/ρP is the total volume of all particles. Equations II 2 & II 3must be amended by initial conditions of CW and CW/P. In addition to absorption withinthe particles, we assume instantaneous adsorption onto the surface obeying the samesorption isotherm of the plastic material:
Csur f (t) = Ksur f ρPCP,eq
(
CW/P(t)
) (II 4)
with Csur f [M L−2] denoting the mass of the sorbate per surface area,CP,eq (CW/P(t))[M M−1] as the equilibrium concentration in the plastic material for a given aqueousconcentration CW/P(t) at the plastic-water interface, and Ksur f [L] as the thickness of avirtual plastic layer instantaneously sorbing the contaminant. The latter parameterizesthe effects of surface roughness. As we show in the SI (SEM images of the particles)and in Table II 1, the particles have rough surfaces and the true surface areas aredifferent from those calculated for perfect spheres. We account for these effects byconsidering effective surface adsorption.
II 2.2 Sorption Isotherm
For the evaluation of equilibrium sorption, we tested three different sorption isotherms.The simplest isotherm is linear one with a constant distribution constant Kd [L3 M−1].We also considered the Freundlich and the Polanyi-Dubinin-Manes non-linear sorptionisotherm (Allen-King et al., 2002; Kleineidam et al., 2002):
linear CP,eq = KdCW,eq (II 5)Freundlich CP,eq = KFrCnFrW,eq (II 6)
Polanyi CP,eq = Voρo exp 
©­­«
−RT
(
ln SWCW,eq
)
E
ª®®¬
b (II 7)
with KFr [M1−n L3n M−1] and nFr being the Freundlich partition coefficient and theFreundlich exponentrespectively, Vo denoting the maximum volume of sorbate per unitof sorbent [L3 M−1], ρo [ML−3] sorbate’s density, R = 8.314 J mol−1 K−1 the ideal gasconstant, T [temp] absolute temperature, and SW the subcooled liquid solubility of theorganic compound in water [ML−3]. E [ML2T−2] is the characteristic free energy of
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absorption (Allen-King et al., 2002). The exponent b [-] is usually an integer rangingbetween 1 and 5. Chossing b= 2 results in the Dubinin-Radushkevich model (Allen-Kinget al., 2002).For the the specific case of linear sorption without instantaneous adsorption (i.e.
Ksur f = 0), Seidensticker et al. (2017) presented an analytical solution after Laplacetransformation in time and analyzed three cases of mass-transfer control: (i) by externalmass transfer only, that is, in the limit of DP→∞, (ii) by intraparticle diffusion only,that is, in the limit kW →∞, and (iii) by both processes in sequence. The analyticalLaplace-transform solution of the bulk-phase concentration is back-transformed intothe time domain by the numerical method of de Hoog et al. (1982) implemented inMatlab. For the case of a non-linear sorption isotherm with CP,eq (CW ), a closed-formsolution in the Laplace-domain cannot be derived, requiring thus a numerical scheme.For this purpose, we discretized equation II 1 by the Finite Volume method subdividingthe particles into n [-] shells of identical thickness,coupled it to equations II 2 & and II3 and integrated the resulting non-linear system of ordinary differential equations bythe Gear solver ode15s implemented in Matlab (see the supplementary information fordetails).
II 3 Materials & Methods
II 3.1 Batch Experiments
Batch experiments were performed to study both sorption kinetics and isotherms. Threedifferent types of microplastics were compared, some properties of which are listed inTable II 1. Further characteristics of the used particles, e.g. SEM pictures, are providedin the supplementary information. The three chosen polymer materials are among themost common plastics detected in the environment (Burns & Boxall, 2018; Minteniget al., 2017).The kinetic experiments were performed in 0.5 L amber glass bottles (Duran, Borosili-cate glass, Wertheim, Germany) under a constant temperature of 20 ◦C and in the dark.As representative contaminant and sorbate, phenanthrene (CAS# 85-01-8) was chosenand purchased from Sigma-Aldrich Supelco (Bellefonte, PA, USA) with a purity >99.5%.The experiments were performed with 500 mL solution (containing ultrapure water andphenanthrene) and 500 mg of plastic particles which led to a solid-to-liquid ratio of 10−3kg L−1. Initial concentrations of phenanthrene in the batches were between 110-125 µgL−1 (the exact concentration was measured in each case). To avoid biodegradation, 0.05g L−1 NaN3 were added. The bottles were placed on a stirrer and constantly stirredwith 840 rpm. Glass stir bars (25 × 6 mm) were used to avoid sorbate loss to the system.We took samples every 2 min in the first 10 min, after 15, 20, 30, and 40 min, 1, 2, 4,8, 24, 48, hours and continued sampling until equilibrium was reached, i.e. when nosignificant difference was determined anymore. Exact sampling times for every sorbentare reported in the supporting information. The sorption to glass walls, stir bars etc. ofthe batch was determined in triplicate using a 260 µg L−1 solution of phenanthrene andfound to be negligible (less than 2% loss in concentration and thus smaller than the
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Table II 1: Properties of microplastic particles used in this study. PE = polyethylene,PS = polystyrene, PA = polyamide.
Parameter Polyethylene(PE) Polystyrene(PS) Polyamide(PA)
Supplier Azelis,Gotalene 120 Goodfellow GoodfellowMean diameter [µm]a 260 250 25Density [kg L−1] 0.92 1.05 1.14Calculated surface area[m2 g−1] 0.03 0.023 0.30BET surface area [m2 g−1] 0.23 0.65 0.86BJH pore volume [cm3 g−1] no pores 0.003 0.000013Porosity [%] 0.32 0.01Average pore width [Å] no pores 195.3 18.8Glass transitiontemperatureb [◦C] -120 100 50a nominal diameters, normally distributed with σ2=0.05b literature values from Hüffer & Hofmann (2016)
uncertainty of the GC measurements, data shown in the supplementary information).We used cyclohexane, acetone, and acetonitrile, all purchased from Merck Millipore(Darmstadt, Germany) in a GC gradient grade purity, as organic solvents.Additional batch experiments were performed in triplicates to measure the sorptionisotherms. The solid-to-liquid ratio was the same as in the other experiments. Atthe end of the experiment the whole aqueous phase was extracted and analyzed withGC-MS as described below. To cover a wide range, we chose eight different initialphenanthrene concentrations of 320, 160, 80, 40, 20, 10, 1, and 0.1 µg L−1. The aqueousconcentrations were measured in the initial state and after six weeks (42 d) of shaking,assuming that, at this time, sorption had reached equilibrium.
II 3.2 Chemical AnalysisThe aqueous concentration of phenanthrene in the batch system, was determinedwith GC-MS. Samples of 1 mL solution were taken at the described time pointsusing a glass pipette. To avoid plastic particles in the samples, a filtration step wasperformed, using inorganic membrane filters (Whatman Anodisc, pore size 0.2 µm,diameter 13 mm) mounted to a stainless steel membrane holder which was attachedto a glass syringe via a Luer lock connection. Preliminary experiments revealed thatno phenanthrene loss to the filter occurred. For quantification 10 µL of a deuteratedinternal standard (20 µg mL−1 of phenanthrene D10 in acetonitrile) were added to
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the sample after filtration. Subsequently the samples were extracted with 300 µL ofcyclohexane. Measurements were performed using an Agilent 6890 N GC equippedwith an Agilent 7683 B Autosampler and coupled to an Agilent 5973 inert MS. Forseparation, a J&W Scientific DB-5MS column (Dimethylsiloxane 30 m × 0.025 mmID, 0.25 µm film thickness) and helium as carrier gas were used. The flow rate was0.7 mL min-1 and the device was operated in a pulsed splitless injection mode. Themass-to-charge ratios used for quantification were 178 and 188 for phenanthrene andphenanthrene D10, respectively.
II 3.3 Parameter Estimation
We evaluated the kinetics with the model described above. Towards this end, wefitted the model to the data using DREAMZS , a Markov-Chain Monte Carlo methodyielding parameter distributions conditioned to the measurements (Laloy & Vrugt,2012; Vrugt, 2016).While the distribution coefficient Kd was determined from the kineticexperiments in the fits of the linear models, we took the coefficients of the sorptionisotherm determined from the (presumably) equilibrium data as fixed properties whenfitting the nonlinear models to the kinetic data. In both model types, we fitted theintraparticle diffusion coefficient DP and the mass-transfer coefficient kW of the aqueousboundary layer as kinetic parameters. For each parameter we considered a uniformprior distribution within a wide range. As the objective function of the fit, we took thesum of the absolute differences between the measurements and simulated values. Thecomputed mean absolute errors (MAE) and root-mean-square errors (RMSE) as reportedin the results are based on a conditional sample size of 3000. Furthermore, the 5-95%quantiles of the estimated parameters are reported to assess their uncertainty. Theisotherm models were fitted with a Gauß-Newton type least-square method implementedin the optimization toolbox of Matlab (lsqcurvefit). To assess the suitability of thedifferent isotherm models, the Bayesian Information Criterion (BIC) which adds the sumof weighted residuals and the sum of parameters times the logarithm of the number ofobservations, was calculated (for details, see the supporting information). A smallerBIC-value indicates a higher suitability of the model.
II 4 Results & Discussion
II 4.1 Isotherms
Table II 2 lists results of the isotherm measurements. Even though the Freundlichsorption with an exponent close to unity scored slightly better, PE showed in essencelinear partitioning (Figure II 1). This is consistent with PE showing practically noporosity, as determined by the N2-BET measurements reported in Table II 1. For bothPA and PS, sorption is clearly non-linear as indicated by the highest BIC-values ofthe non-linear isotherms (see Table II 2) and shown in Figure II 1. While for PA, theFreundlich model scored best, the Polanyi-Dubinin-Manes isotherm described thesorption onto PS the best. This is in agreement with other findings as well as with the
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measured pore volumes of PA and PS (Table II 1) as an increasing presence of poresshifts the isotherm towards non-linear sorption (Allen-King et al., 2002; Kleineidamet al., 2002).
Figure II 1: Double logarithmic plot of data and models (linear, Freundlich, andPDM) for sorption isotherms of phenanthrene to polyethylene (PE), polyamide (PA),and polystyrene (PS).
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II 4.2 Kinetics
Table II 2 compares model fits assuming linear sorption (using the semi-analyticalsolution) with those assuming non-linear sorption (fully relying on numerical simulations).For PE, we considered only linear sorption as the isotherm experiments indicatednegligible non-linearity. For PA and PS, we considered Freundlich and Polanyi-Dubinin-Manes sorption, respectively, in the non-linear fits. Mass transfer of phenanthreneonto/into PE shifts from film diffusion at early times to intraparticle diffusion at latertimes (Figure II 2, left panel). The fitted intraparticle diffusion coefficient are within therange of other findings (Lohmann, 2011; Rusina et al., 2010). By contrast, the kineticsof PS (Figure 3) and PA (Figure II 2, right panel) are limited by intraparticle diffusionalmost all the time because the diffusion coefficients in these materials are severalorders of magnitude lower than that in PE. Thus, fitted mass transfer coefficients forfilm diffusion are not sensitive and, hence, the kW-value determined for PE was used tocompute kW-values for PS and PA adapted to hydrodynamic conditions and particlesize, because the kW-value depends on the hydrodynamic conditions in the respectiveexperiment (Jeannot & Cantwell, 1997).
Figure II 2: Results of the sorption of phenanthrene to polyethylene (PE, left panel)and polyamide (PA, right panel). Row A shows semi-logarithmic plots of water con-centrations over time. Row B shows double-logarithmic plots of apparent partitioncoefficients over time. The respective denotations are indicated in the legends. FD=filmdiffusion, IPD=intraparticle diffusion.
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As all kinetic experiments were performed with the same experimental procedure,empirical relationships can be applied to consistently estimate the value of kW forPA and PS. From the Reynolds and Schmidt numbers, Re and Sc, in the system theSherwood number Sh can be estimated as (Ohashi et al., 1981):
Sh = 2+ cRe1/2 Sc1/3 = 2+0.59
(
d4/3P ε
1/3
ν
)0.57 (
ν
Daq
)1/3 (II 8)
Because the experimental setup is the same for all materials, Sh can be calculatedfrom the particle diameter dP [L] and the kinematic viscosity of water ν [L2 T−1], thesubstance specific aqueous diffusion coefficient Daq [L2 T−1] and the unknown energydissipation rate ε [L2 T−3]. Since PE is clearly limited by film diffusion, the kW-valuewas sensitively fitted and Sh (Sh = kWdPD−1aq ) could be calculated from the experiment.Eventually, Sh for PE was estimated as 7.1 and based on Equation II 8, ε for ourexperimental setup could now be estimated as 10−4.2 m2 s−3 which is reasonable forstirred systems (more detailed descriptions in the SI, Kawase & Moo-Young (1987);Ohashi et al. (1981). As ε is identical for all types of plastics and independent of theparticles, it was utilized in Equation II 8, where only dP varies among the differentplastic types, to approximate Sherwood numbers and corresponding scaling factors tocompute the value of kW in the PS and PA experiments. We subsequently used thesescaling factors (± 5%) as initial guess in the fitting of the models. Finally, the kW-valueslisted in Table 2 and Sh of 7.0 and 2.7 were obtained for PS and PA, respectively.
II 4.3 Influence of Non-Linearity and Surface HeterogeneityAt early times, the observed concentrations in water were lower than predicted bythe model, in which early concentration changes are dominated by the external masstransfer. The observed difference indicates an unknown rapid sorption process. Apotential mechanism could be quick sorption of phenanthrene onto the heterogeneousexternal surface of the plastic particles, implying that the amount of phenanthreneremoved from the aqueous phase by this process would be proportional to the truesurface area. As reported in Table II 1, significant errors are expectable if the surfacearea is calculated rather than measured since the surface roughness of the particles(compare SEM pictures in the SI) has to be considered. Such a rough surface may leadto fast surface adsorption and thus apparent instantaneous sorption was consequentlyincluded in the non-linear model, utilized by a fit of the surface absorption coefficient
Ksur f , which quantifies the thickness of a virtual plastic shell undergoing instantaneoussorption. Accounting for Ksur f results in a better reproduction of the data in comparisonto the linear semi-analytical model where instantaneous sorption was not considered.However, the estimated Ksur f were on the order of 0.1, 0.58, and 0.62 µm for PE, PA,and PS, respectively, indicating that this process although observable in laboratoryexperiments is most likely negligible under environmental conditions where time scalesof interest are much larger than observed in the experiment. Values of the root meansquare error (RMSE) [µg L−1] for PE, PA, and PS were 4.3, 4.2, and 1.5 versus 10.7 and
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7.9 for the linear and the non-linear model, respectively.
Table II 2: Results from isotherm and kinetic batch experiments. For all particles,results from the semi-analytical and the numerical approach are reported. Freundlichvalues for polystyrene (PS) and polyamide (PA) fitted by the kinetic model are writtenin parentheses. PE = polyethylene, BIC = Bayesian Information Criterion, MAE =mean absolute error, RMSE = root mean square error. Reported kinetic data for PSare from simulations with fitted KFr and nFr.
Parameter Polyethylene(PE) Polystyrene(PS) Polyamide (PA)Isotherm experimentsPartition coefficient(linear) KD [L kg−1] 15670 12200 16900Freundlich coefficientKFr [mg1−n Ln kg−1] 15640 13000 17300(46000) (13000)Freundlich exponent [-] 1.0 0.79 (0.72) 0.84 (0.84)Affinity coefficientE [kJ mol−1] n.a. 7.5 n.a.PDM exponent [-] n.a. 1.5 n.a.max. sorbed volume Vo[cm3 kg−1] n.a. 1.3 n.a.BIC linear model -94.6 -15.7 -31.7BIC Freundlich model -101.1 -65.9 -110.1BIC PDM model -97.9 -93.2 -107.0Kinetic experimentsMAE linear/non-linear[µg L−1] 2.7/n.a. 8.5/5.6 2.7/1.1RMSE linear/non-linear[µg L−1] 4.3/n.a. 10.7/7.9 4.2/1.5Ksurf [m] 1.3×10−7 6.2×10−7 5.8×10−7kW linear [m s−1] 2.1×10−5 2.1×10−5 1.15×10−4range, 5-95% quantile 1.9−2.2×10−5 2.0−2.2×10−5 1.1−1.2×10−4kW non-linear [m s−1] n.a. 4.3×10−5 1.02×10−4range, 5-95% quantile 3.5−5.0×10−5 0.7−1.9×10−4DP linear [m2 s−1] 7.5×10−14 4.4×10−17 7.5×10−16range, 5-95% quantile 5.0−13.3×10−14 3.9−5.1×10−17 6.3−8.6×10−16DP non-linear [m2 s−1] n.a. 7.3×10−17 4.4×10−16range, 5-95% quantile 6.0−8.5×10−17 3.2−5.9×10−16
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Since they are scaled according to the hydrodynamic conditions, the mass transfercoefficients show a high similarity. While film diffusion limits sorption kinetics ofPE, intraparticle diffusion coefficients differ significantly among the different plasticmaterials (see Table II 2). Intraparticle diffusion coefficients estimated for PS and PAwith the non-linear model are slightly different from the estimations of the linear modeland if instantaneous sorption is not considered. For PS, Li et al. (2017) determined DPto be 1.4×10−17 m2 s−1, which is still a factor of 5 smaller than our estimated coefficients.However, ranges of one order of magnitude are expected for diffusion coefficients insuch diverse materials as PA and PS.Figures II 2 & II 3 additionally show the apparent distribution coefficients KP,app(t)for both cases (instantaneous vs. usual kinetics) as function of time and comparedto the data. Such KP,app values are more sensitive than concentration measurementsbecause the latter get very small at late times. The curve of the data points confirmsthat PE kinetics is limited by film diffusion (linear increase of apparent distributioncoefficient with time) whereas PA and PS are controlled by intraparticle diffusionalready at early times (increase with the square root of time). For PS, however, Figure3 indicates that at early times pure film diffusion matches the data best whereas thenon-linear model without consideration of instantaneous surface diffusion takes overwhen approximately 30% equilibration is reached. As illustrated in Figures II 2 & II3, we needed a combination of film and intraparticle diffusion to explain the PE data,whereas the PS and PA data could only be explained when considering non-linearsorption, film and intraparticle diffusion, and quick adsorption onto the particles. Amongall contributions to the kinetics, the slow intraparticle diffusion depends the strongeston the particle material.To illustrate the effect and importance of the non-linearity of sorption, we simulatedthe pollutant uptake by PS under infinite bath boundary conditions (where VW→∞) withvarying initial concentrations (Figure II 3 C). To be consistent, we used the parametersestimated from the isotherm experiments. We chose particles with a diameter of 250
µm and two initial aqueous concentrations. The non-linearity of the isotherm leadsto a strong increase of the apparent partition coefficients at very low concentrations(Figure II 1, PS) which increases the concentration difference between the linear andthe non-linear isotherm by a factor of ∼ 4.3 and also causes a shift towards film diffusiondue to a more accentuated role of external mass transfer. As shown in Figure II 3 C,the non-linear model predicts higher equilibrium uptake at low concentrations andless uptake at high concentrations in comparison to the linear model, and both modelsdeviate in their kinetics prediction. Eventually, the non-linear model predicts a sloweruptake at lower concentrations and a faster uptake at higher concentrations. Theimpact of non-linearity is the highest at the lowest concentrations, which are morefrequent in environmental settings than in most laboratory studies. It is also of highrelevance for very hydrophobic compounds with very low water solubility, such as PCBsor PBDEs (Diepens & Koelmans, 2018; Lohmann, 2011).
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Figure II 3: Results of the sorption of phenanthrene to polystyrene (PS). Plot Ashows semi-logarithmic plots of water concentrations over time. Plot B shows double-logarithmic plots of apparent partition coefficients over time. The respective denotationsare indicated in the legends. FD=film diffusion, IPD=intraparticle diffusion. In plot Cthe uptake into PS predicted based on linear (dotted lines) and non-linear (Freundlich,dashed lines) sorption isotherms at different initial aqueous concentrations under infinitebath boundary conditions with: dP=250 µm, log KD = 4.08, log KFr = 4.11, nFr = 0.79,
DP = 7.3×10−17 m2 s−1, and kW = 6.1×10−6 m s−1 based on the experimental findingsand on an empirical Sherwood number of 2.
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II 4.4 The Role of Microplastics in the EnvironmentA major question in microplastic-pollutant research is whether a sampled particle inrivers or the ocean reflects the ambient concentration, i.e. it acts as a passive sampler,or whether it acts as a transport vector that releases pollutants into the environment(Gouin et al., 2011; Karapanagioti et al., 2011; Zarfl & Matthies, 2010). The modelspresented here can be used to address this question. According to Van Sebille et al.(2012), a considerable fraction of particles released at the coast reaches the open oceanafter approximately one year, and after ten years the majority has made it to one ofthe five subtropical maxima, the so-called gyre accumulation zones (Maximenko et al.,2012; Van Sebille et al., 2012). Using our models and corresponding characteristictimes, we can calculate the residual fraction of an organic pollutant in the particles asa function of their size and time. We performed our experiments with phenanthrene,but with known physico-chemical properties, the models apply to a wide range ofneutral hydrophobic contaminants. According to the general concept, large particlesizes imply large times to release a sorbed compound. Figure II 4 illustrates the timescales needed to reach 20% (A) and 90% (B) of the equilibrium value. These timesdepend on three parameters: the particle diameter, the material-specific intraparticlediffusion coefficient, and the compound-specific partition coefficient.
Figure II 4: Characteristic times to achieve 20% (left) and 90% (right) of equilibrationas a function of particle diameter, partition coefficient KP, and intraparticle diffusioncoefficient DP. The time is illustrated through coloring and plotted in iso-surfaces, i.e.colored areas which connect identical times. Equilibration is fast for small particlesand high intraparticle diffusion coefficients and slow for large particles and smallintraparticle diffusion coefficients. The surfaces show the sum of characteristic timesfor film diffusion and intraparticle diffusion.
To transfer our findings from our experimental to environmental conditions, we calcu-lated the Sherwood number and the external mass transfer according to Ohashi et al.(1981) for single particles in suspension (for details see the SI). In brief, we estimated themass transfer coefficient by the Sh-relationship of equation II 8. The energy dissipationrates ε in rivers and oceans may differ by one order of magnitude. Here, we used an
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intermediate mean value. The characteristic times increase with increasing particlediameter squared and with decreasing intraparticle diffusion coefficients (Figure II4). Additionally, characteristic times increase with increasing partition coefficient dueto an increase of the boundary layer size and thus a deceleration of external masstransfer. However, the changes in the material parameters, i.e. size and intraparticlediffusion, affect the time scales much more than variations in the partition coefficient(Figure II 4). Consequently, plastic particles can act as a vector for contaminants mainlydepending on material and size. Small particles equilibrate fast and thus presumablyreflect the ambient concentration in water, i.e. they act as a passive sampler (FigureII 4). The potential for long-range transport increases with the particle size squaredand decreases with increasing intraparticle diffusion coefficient. Microplastics do notsignificantly enhance the contaminant concentration which has been already intensivelydiscussed (Koelmans et al., 2016). Nevertheless, the long range transport potentialis given and may be important in the risk assessment of plastic associated additiveswhose input paths differ from those of the common legacy POPs (Kwon et al., 2017). Asillustrated in the graphical abstract, we presume, according to estimated time scales,that times which are necessary to achieve 50% equilibration can serve as a tool todistinguish whether particles may act as vector or sampler.
II 5 Implications
Knowledge about sorption mechanisms and desorption kinetics allow properly assessingab initio the potential of long-distance transfer of pollutants by plastic material. Ifpollutant concentrations get very low non-linearity has to be considered, like in thecase of PA or PS. The numerical model developed here allows a detailed evaluation ofsorption kinetics under laboratory conditions and can be utilized to predict sorptionbehavior in the environment. The model can easily be modified to address simpleparticle shapes differing from spheres (in particular fibers and discs), whereas morecomplex geometries may require multi-dimensional intraparticle diffusion descriptions.Furthermore, the model offers the opportunity to separately account for external andinternal mass transfer in combination with linear and non-linear sorption isotherms andcan thus be applied to other types of suspended matter such as carbonaceous particles.Particles undergo several changes once they have entered the environment, because ofUV-light exposure, mechanical stress, and abrasion, among other weathering processes(Andrady, 2017; Brandon et al., 2016). This may cause the fragmentation of particlesinto smaller pieces which accelerates contaminant release. Our model can be applied todifferent particle sizes and could thus also be expanded to include the size as a functionof time. Nevertheless, breakdown of microplastics under environmental conditions inrivers and oceans is very slow, most likely much slower than the analyzed kinetic masstransfer.Biofilms may form on the particle which act as an additional resistance and thusslow down the contaminant release (Zhang & Bishop, 1994b). To account for the saltcontents of water bodies, the Setschenow equation can be used to account for thesalting-out effect on partitioning (Schwarzenbach et al., 2005). Additionally, our model
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can be extended to consider the presence of other sorbents such as natural organicsubstances adjusting the partition coefficients, which was done by Seidensticker et al.(2017). Thus, our model can provide an improved and comprehensive understandingof the basic plastic-pollutant-interactions and can be expanded with the respectiveenvironmental factors to further assess the function of microplastics as a pollutanttransporter under different environmental conditions.
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Particle Properties
Figure II A1: SEM images of PE (first row, A and B), PS (second row, C and D), andPA (third row, E and F) particles. Scales are shown in the images. Labels at thedimension measures are 245 µm (B), 240 µm (D), and 22.4 and 22.1 µm, respectively.
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Isotherms
To assess which sorption isotherm model fits best to describe our data, an estimatorevaluating the model selection needs to be calculated. As model selection criterion wechose the Bayesian Information Criterion (BIC). This criterion do not just appraise thegoodness-of-fit but also consider the complexity of the models by contemplating thenumber of fitted parameters (Schwarz et al., 1978).
BIC = −2ln(θˆ)+ ln(n)k (II A1)
where ln(θˆ), k , and n as the log-likelihood, the number of fitting parameters, andthe sample size, respectively. Commonly the maximized log-likelihood ln(θˆ) is usedto assess the goodness-of-fit. Since a least − square fitting routine (implemented as
LSQ-Curvefit in Matlab) was performed, we applied the relationship between the ln(θˆ)and the residual sum of squares (RSS) which reads as:
ln(θˆ) = −n
2
ln
(
RSS
n
) (II A2)
with n denoting the sample size (Burnham et al., 2011). Therefore, the RSS as astandard fitting procedure output can be used as well to calculate the selection criterion.It holds for the BIC approach (eq. II A1) that a smaller value indicates a preferred model.BICs were calculated for the linear, the Freundlich, and the Polanyi-Dubinin-Manes(PDM) isotherms and are shown in Figures II A2-II A4.
Polyethylene
Figure II A2: BICs of the different isotherms models for sorption of phenanthrene toPE.
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Polyamide
Figure II A3: BICs of the different isotherms models for sorption of Phenanthrene toPA.
Polystyrene
Figure II A4: BICs of the different isotherms models for sorption of Phenanthrene toPS.
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Linear Model
As specified in the main manuscript, the diffusion equation in spherical coordinates, i.e.Fick’s second law, applies to describe diffusive fluxes between a bulk water and plasticparticles. Sorption equilibrium between the plastic and water at the surface of theplastic particle, and a concentration gradient of zero in the midpoint of the sphere areassumed as boundary conditions. As initial condition, the concentration in the particleis assumed to be uniform:
CP(rP, t) = CP,eq
(
CW/P(t)
) ∀t (II A3)
∂CP
∂r

r=0
= 0∀t (II A4)
CP(r, t = 0) = CP(0)∀r (II A5)
in which CP,eq(CW ) [MM−1] is the equilibrium concentration in the plastic for a givenaqueous-phase concentration CW [ML−3], CW/P(t) [ML−3] is the aqueous concentrationat the particle surface, rP [L] denotes the particle radius, and CP(0) [MM−1] is theinitial concentration in the plastic particle. The detailed derivation is reported in thesupporting information to Seidensticker et al. (2017).
Numerical Model
The detailed derivation and explanation of the semi-analytical model can be found inthe supplementary material to Seidensticker et al. (2017). However, as explained in themain manuscript, the semi-analytical model requires that the governing equations arelinear, implying a linear sorption isotherm In case of a non-linear sorption isotherm, anumerical model is necessary. Diffusion within the particles follows the linear diffusionequation in spherical coordinates:
∂CP
∂t
−DP
[
∂2CP
∂r2
+
2
r
∂CP
∂r
]
= 0 (II A6)
subject to a uniform initial condition, a zero-gradient condition at the cell center, anda yet to define concentration at the surface of the sphere:
CP(t = 0,r) = CP,0∀r (II A7)
∂CP
∂r

r=0
= 0∀t (II A8)
CP(t,R) = feq
(
CW,sur f
) ∀t (II A9)
in which CP(t,r) [mol/kg] is the mass-related concentration of the compound in theparticle, t [s] is time, r [m] denotes the radial coordinate, DP [m2/s] is the diffusion
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coefficient in the particle, CP,0 [mol/kg] is the initial value of CP, CW,sur f [mol/m3] is theaqueous-phase concentration directly at the surface of the particle, R [m] is the radiusof the particles, and feq (CW,sur f ) [mol/kg] is the sorption isotherm.Assuming that (i) the bulk water is perfectly mixed, (ii) a non-storing water filmcausing an external mass trans-fer resistance exists around the plastic particles, (iii) thesurface of the spheres exhibits sorption sites undergoing instantaneous sorption in thesame matter as the respective plastic material, i.e. in linear or non-linear equilibriumwith the aqueous concentration, and (iv) the concentration in the plastic and in the waterare in nonlinear equilibrium directly at the interface, we can formulate the followingadditional mass balance equations:
dCW
dt
=
(
CW/P(rP, t)−CW (t)
)
kWAPnP (II A10)
CW (t = 0) = CW/P(t = 0) = CW,0 (II A11)
Csur f (t) = Ksur f %PCP,eq
(
CW/P(t)
) (II A12)
in which VW [m3] is the volume of water, kW = DW/δW [m/s] is the mass-transfer velocitythrough the aqueous boundary layer with the aqueous diffusion coefficient DW [m2/s]and the thickness δW [m] of the aqueous boundary layer, AP = 4piR2 [m2] is the surfacearea of a single particle, nP [-] is the total number of particles, Ksur f [m] is the thicknessof a virtual plastic layer instantaneously sorbing the contaminant, and %P [kg/m3] is themass density of the particles. The aqueous concentration at the plastic-water interfaceis given as CW/P [mol/m3], the amount of sorbate per surface area as Csur f (t) [mol m−2]and the equilibrium concentration in the plastic phase as CP,eq [mol/ kg]. The volume ofwater and the number of particles can be computed from the bulk volume Vbulk [m3], thetotal mass of particles mp [kg], and the mass density%P and radius R of the particles by:
VW = Vbulk −
mp
%P
(II A13)
nP =
mp
%P
· 3
4piR3
(II A14)
For the intraparticle diffusion, we subdivide the particles into n [−] shells of identicalthickness ∆r = R/nas illustrated in Figure II A5 and apply the Finite Volume method.Numbering the shells from the inside to the outside with cell index i, the discretizedtotal diffusive mass-flux Fi→i+1 [mol/s] at the interface from cell i to cell i+1 in a singleparticle is:
Fi→i+1 = 4pi (i∆r) 2 DP∆r
(
Cpi −Cpi+1
) (II A15)
in which Cpi [mol/kg] is the concentration in shell i, and we have considered the surfacearea of shell i.
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Figure II A5: Scheme of the conceptual framework of the numerical model. Not toscale.
For the outermost shell, the diffusive distance is half as big, and the outside con-centration is the surface concentration on the plastic side of the particle, resultingin:
Fn→n+1 = Fn→sur f = 4piR2
∂CP
∂r

r=R
DP = 4piR2
2DP
∆r
(
Cpn − feq
(
CW,sur f
) ) (II A16)
whereas the total flux at the inside of the inner-most shell is zero:
F0→1 = 0 (II A17)
Finally, we have to consider the volume of shell i in a single particle:
VP.i =
4
3
pi∆r3
(
i3−(i−1)3
)
=
4
3
pi∆r3
(
3i2−3i+1
) (II A18)
Then, the mass balance for shell i reads as:
dCpi
dt
=
1
VP.i
(Fn−1→n−Fn→n+1) (II A19)
Equations II A10, II A12 & II A19 (together with the other equations defining theterms) form the system of n+ 2 nonlinear ordinary equations solved with backward-differentiation formulas implemented in the matlab function ode15s.
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System Sorption
The loss of phenanthrene to the batch system, i.e. the sorption by the system, wasestimated by using a batch setup with the materials (e.g. glass bottle, glass stir bar,etc.) but without plastic particles. The initial concentration of phenanthrene in thatsetup was 266 µg L−1, measured by GC-MS as described in the main manuscript.Samples were taken after various time points with the latest after 264 h. As it canbe seen from Figure II A6, the loss of phenanthrene to the system does not show anytrend over time but varies around CW,ini with a maximum deviation of 1.7%.
Figure II A6: Concentration-time series of the system sorption batch. Concentrationsof phenanthrene are plotted on the left y-axis with CW,ini as dashed blue line. Valuesof the percentage deviation of CW (t) from CW,ini at the respective times are plotted tothe right y-axis.
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Experimental Data
Table II A1: Sampling time points and aqueous phenanthrene concentrations fromthe kinetic batch experiments for the three tested plastic types.
time measured concentrationPE PA PS[min] [µg L−1]initial 106.3 118.5 128.32 89.5 42.1 113.84 85.3 110.66 83.4 33.4 106.78 83.4 31.6 108.810 80.9 29.8 107.515 76.6 28.0 105.020 63.7 28.0 99.430 51.5 21.1 98.740 39.6 23.4 95.660 26.0 18.2 94.4120 15.4 15.6 89.7240 8.9 14.2 80.0480 7.1 13.5 85.0[days]1 6.7 11.6 66.72 6.7 10.8 58.54 10.65 6.4 38.17 11.215 10.7 14.620 11.630 7.935 6.340 4.480 3.995 4.2
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Parameter Estimation
For the numerical model the mass transfer coefficient kW and the intraparticle diffusioncoefficient DP were fitting parameters. Fitting for both models was performed asdescribed in the main manuscript with DREAM(ZS) (Laloy & Vrugt, 2012; Vrugt, 2016),which is a Markov chain Monte Carlo method, resulting in a posterior distributionof the log-parameters. We used three chains with 10,000 generations. The initialdistribution of the log-parameters was uniform within given bounds (see Table II A2)chosen lay outside of the range of the posterior distribution. The Rˆd-statistics of allthree chains reached the critical value ≤ 1.2 within 3,000 generations. The first 9,000generations were considered as burn-in, and only the last 1,000 accepted log-parametercombinations were further analyzed.
Table II A2: Prior parameter ranges for the linear and the non-linear model.
parameter unit of non-logarithmic parameter material minimum maximumlinear model
ln
(
kW/D2/3aq
)
(s m)−1/3
PE -5 10PA 4.9 5.0PS 3.1 3.3
ln (DP) m2 s−1
PE -40 0PA -40 0PS -40 0non-linear model
log (kW ) m s−1
PE -7 -3PA -4.2 -3.7PS -5.0 -4.3
log (DP) m2 s−1
PE -20 -10PA -20 -10PS -20 -10
log
(
Ksur f
)
m
PE -9 -3PA -9 -3PS -9 -3
log (nFr) - PA -0.08 -0.07PS -0.3 0
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Posterior log-Distributions of Fitting Parameters with In-stantaneous Sorption
Polyethylene
Figure II A7: Scatter plot and histograms of the posterior log-parameter distribution(3,000 ensemble members) for the fit of the linear model.
Figure II A8: Scatter plot and histograms of the posterior log-parameter distribution(3,000 ensemble members) for the fit of the non-linear model.
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Polyamide
Figure II A9: Scatter plot and histograms of the posterior log-parameter distribution(3,000 ensemble members) for the fit of the linear model.
Figure II A10: Scatter plot and histograms of the posterior log-parameter distribution(3,000 ensemble members) for the fit of the non-linear model.
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Results of the posterior log-parameter distribution for the case that the Freundlichexponent n is included in the fit.
Figure II A11: Scatter plot and histograms of the posterior log-parameter distribution(3,000 ensemble members) for the fit of the non-linear model with the Freundlichexponent included in the fit.
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PolystyreneResults of the posterior log-parameter distribution for the case that the Freundlichexponent is not included in the fit.
Figure II A12: Scatter plot and histograms of the posterior log-parameter distribution(3,000 ensemble members) for the fit of the linear model.
Figure II A13: Scatter plot and histograms of the posterior log-parameter distribution(3,000 ensemble members) for the fit of the non-linear model.
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Results of the posterior log-parameter distribution for the case that the Freundlichexponent n is included in the fit.
Figure II A14: Scatter plot and histograms of the posterior log-parameter distribution(3,000 ensemble members) for the fit of the non-linear model with the Freundlichexponent included in the fit.
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Hydrodynamics
Certain Sherwood relationships can be used to transfer our lab findings to field settingswhere, due to its dependence on hydrodynamic conditions, the film diffusion may bedifferent from our experimental settings. One important parameter is the turbulentkinetic energy dissipation rate  which is between 10−5−10−6m2s−3 for rivers (Chickadelet al. (2011), Fisher et al. (2002), MacDonald et al. (2007)) and approximately oneorder of magnitude lower for near surface water in the ocean (Moum et al., 1995). Withknown particle properties and energy dissipation rates, the particles Stokes number Stwhich characterizes their behaviour in a carrier fluid can be calculated as:
St =
τP
τ f
=
1
18
ρP
ρW
d2P
ν√
ν−1
(II A20)
where τP and τ f are the relaxation times of the particles with ρP and dP as theparticles density and diameter, and the dissipation time of the carrier fluid turbulencedissipation with ν as the kinematic viscosity of water, respectively (Sumbekova et al.,2017). With  set to 10−5.5and 10−7 for river and ocean settings, respectively, St for alltypes of our particles were  1 indicating a slip velocity close to unity and thus theparticles may follow the current as it would be expected from their density.For our experimental setup we fitted  based on the specific power group, which is
1/3d4/3P ν
−1 where dP is the particle diameter and ν is the kinematic viscosity of water(Ohashi et al., 1981). The specific power group is strongly related with the particlesReynolds number ReP. For particles which follow the Stokes regime, the correlation is:
1/3d4/3P ν
−1 = 1.36Re2/3P (II A21)As outlined in the main manuscript, PE is sensitive to film diffusion and therefore wecan calculate our experimental  based on the Sherwood number calculated for PE, i.e.7.05, and the empirical relationship obtained by Ohashi et al. (1981):
Sh = 2+0.59
(
1/3d4/3P
ν
)0.57
Sc1/3 (II A22)
For our experimental setup we obtain an  of 10−4.2 which is in the lower range oftypical energy dissipation rates (Ohashi et al., 1981). The Schmidt number Sc is 1318.Finally one can calculate the particles Sherwood number for the two aforementionedenvironmental settings using the same empirical relationship.
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Characteristic Times
As explained in the main manuscript, characteristic times can be used to estimatesorption-desorption time scales in dependence of the plastic material and the particlesize.
Film Diffusion
Due to the similar experimental conditions, the same relationship applies for all particlesand sorption kinetics. Transfer to environmental settings can be made via  . As Sh isnow known for the experimental setup and the two different model scenarios, the masstransfer coefficient kw can be calculated as described in the main manuscript based onthe relationship, that Sh = (kwdP)D−1aq . With known kw the characteristic times for 20%and 90% desorption due to external mass transfer for our experiment and under infinitebath boundary conditions can be estimated from:
f initebath ln(1− x) = y
dPKPρP
6kw
(
1+KP mPVW
) (II A23)
in f initebath ln(1− x) = y dPKPρP
6kw
(II A24)
where x denotes the released fraction and y denotes a mass release-dependentconstant which is 0.223 and 2.3 for 20% and 90% desorption, respectively. KP, ρP, and
dP are the partition coefficient, density, and diameter of the plastic, respectively. InFigure II A15 the relationships between Sh, kw , and the particle diameter for the twomodel scenarios is shown. Note, that the minimum possible Sh is two (Ranz et al.,1952) due to mass balance. Since Sh and kw are solely dependent on the hydrodynamicconditions (represented by ReP or the specific power group) and Sc, theses parametersare equal for the three tested plastic particle types and independent on their propertiesand partitioning characteristics (Sherwood & Ryan (1959), Harriott (1962)).
Intraparticle Diffusion
The characteristic time required to remove 20% and 90% of the initial contaminantload can be calculated based on the approximations of intraparticle diffusion thatare described in detail in Grathwohl (2012). Intraparticle diffusion in general can beexpressed as:
M
Meq
= 1− exp
[
−ln
(
6
pi2
∞∑
n=1
1
n2
exp
[
−n2pi2t DP
r2
])
t
] (II A25)
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However, for short and long terms, certain approximations can be utilized. For longterms equation II A25 yields:
M
Meq
= 1− exp

−
ln
(
6
pi2
)
t
+ pi2
DP
r2
 t
 (II A26)Now, this can be solved for certain M/Meq ratios for long terms, i.e. if equilibrium isapproached. For instance, if M/Meq = 0.9 we yield:
t90 =
r2
5.5DP
(II A27)
For short terms, however, another approximation has to be applied where M/Meqbecomes:
M
Meq
= 1− exp


−ln
(
1−6
√
DPt
r2pi
)
t

t

(II A28)
Solving this for an unknown t where M/Meq = 0.2, we end up with
t20 =
r2
286DP
(II A29)
Such considerations and approximations are extensively discussed, e.g. in Ball &Roberts (1991) and Grathwohl (2012). These characteristic times can be used to analyzewhether the kinetics at the certain time and for a particle with a particular size, islimited by film diffusion or intraparticle diffusion. Examples with characteristic times for
20% and 90% equilibration as a function of material properties, i.e. intraparticle diffusioncoefficients, and particle diameter are shown in Figure II A16. The experimentallydetermined partition coefficients for the three different polymers were used as reportedin Table 2 in the main manuscript.
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Figure II A15: Sherwood numbers and mass transfer coefficients in rivers and oceansas a function of the particle diameter. Both are equal for the three tested types ofplastics as they are independent on the particle properties and partition coefficients.
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Figure II A16: Characteristic times for 90% (left panel) and 20% (right panel) of initialmass desorption under experimental conditions, and in rivers and oceans, respec-tively, as a function of particle diameter and material (PE, PA, PS). Calculations areoutlined above. The total characteristic time for a particular polymer would be the sumof the two displayed curves. Equilibrium partition coefficients are reported in Table II 2in the main manuscript. FD = film diffusion, IPD = intraparticle diffusion.
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Paper IIIA Combined Experimental and ModelingStudy to Evaluate pH-dependent Sorp-tion of Polar and Non-Polar Compoundsto Polyethylene and Polystyrene Mi-croplastics
Abstract
The contamination of aquatic ecosystems with both anthropogenic pollutants andparticles in particular (microscopic) plastic debris items is of emerging concern. Sinceplastic particles can accumulate contaminants and potentially facilitate their transportit is important to properly investigate sorption mechanisms. This is especially requiredfor a large variety of chemicals that can be charged under environmental conditions andfor which interactions with particles may hence go beyond mere partitioning. In thisstudy sorption experiments with two types of microplastic particles (polyethylene andpolystyrene) and 19 different contaminants (pesticides, pharmaceuticals, and personalcare products) were performed at three different pH values. We could show that sorptionto plastic particles is stronger for hydrophobic compounds and that neutral speciesusually contribute more to the overall sorption. Bulk partitioning coefficients were in thesame order of magnitude for both types of plastics. Furthermore, our results confirm thatpartition coefficients for polar compounds can only be accurately determined if the solid-to-liquid ratio in batch experiments is more than six to seven orders of magnitude higherthan any plastic concentration detected in the environment. Consequently only a minorfractions of pollutants in water bodies is associated with microplastics. Although neutralspecies primarily dominate the overall sorption, contribution of ionic species cannotbe neglected for some compounds. Whereas for the major fraction of contaminantssorption was driven by partitioning, further mechanisms such as e.g. electrostaticinteractions may play a role under environmental settings. Notwithstanding, our resultsshow that since microplastics concentrations as currently observed in the environmentplastic particles are very low they are only a relevant sorbent for strongly hydrophobiccompounds.
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III 1 Introduction & Background
Chemical pollution is of emerging concern and has even been considered to be aplanetary boundary threat (Diamond et al., 2015; Rockström et al., 2009). In addition,contamination with anthropogenic litter such as microplastics raises public concern(Barnes et al., 2009; Horton et al., 2017; Mani et al., 2015). Since in freshwaterspollutants distribute between the freely dissolved water phase and natural but alsoanthropogenic particles, microplastics may be an additional vector for spreading pollu-tants (Koelmans et al., 2016). Therefore, one important aspect is to assess the impact ofparticle-bound contaminants. Since transport of particles and associated contaminants,i.e. for particle-facilitated transport, is different compared to purely dissolved chem-icals (Barber et al., 2006), sorption/desorption kinetics and thus particle propertiessuch as density, shape, material, and size are decisive. Sorbed contaminants are lessavailable for biodegradation and may therefore be transported further than chemicalsfreely available in the aqueous phase that are more easily prone to transformationprocesses (Alexander, 2000; Forbes et al., 1998). Furthermore, determined partitioncoefficients can serve for an improved understanding of sorption processes and hence adeepened risk assessment of sorbed contaminants. For compounds with slow desorptionkinetics, i.e. with high partition coefficients (Seidensticker et al., 2017), microplasticsmay act as transport vectors, whereas they act as passive samplers and reflect theambient concentration of the organic pollutants in the environment as soon as sorptionequilibrium is reached. In both cases, partition coefficients are crucial to calculate i)characteristic times for contaminant release and ii) the ambient concentration (e.g. inthe water) at the sampling location. Kinetics and impact of partition coefficients arethoroughly discussed in Seidensticker et al. (2017). In freshwater systems, one majorpath for microplastics to enter rivers is via the effluent of wastewater treatment plantswhere large numbers of particles have been observed (Mintenig et al., 2017; Murphyet al., 2016). In such effluents however, also high concentrations of micropollutantssuch as pharmaceuticals and pesticides occur (Gasperi et al., 2008; Gavrilescu et al.,2015; Li et al., 2016; Schwarzenbach et al., 2006). Therefore, plastic particles might es-pecially act as a sorbent and potential transporter for frequently occurring wastewatercontaminants and are hence a factor that needs to be considered if the environmentalfate of micropollutants is examined.Depending on their physico-chemical properties, many pollutants dissociate undercertain pH conditions and hence their fate and behavior in the environment is stronglyinfluenced by changes in the pH (Bundschuh et al., 2016; Karlsson et al., 2017). Amongthese ionizing chemicals are pesticides, flame-retardants, but also pharmaceuticals andfurther household chemicals like detergents. From studies with natural particles andsediments it is known that sorption interaction mostly takes place between sorbentsand neutral species and that charged compounds sorb only little or not at all (Fuet al., 2009; Karlsson et al., 2017). Unlike many natural particles, microplastics can becharged electrostatically (Wang et al., 2015; Yokota et al., 2017). Therefore, the uptakeof ionizable substances theoretically might not only determined by mere partitioningbetween microplastic particles and the neutral species but also by possible ionic bounds.
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Sorption interactions between charged species and different types of microplastics havenot been extensively studied so far. Thus, the aim of our study was to clarify the sorptionbehavior to microplastics in freshwater under varying pH of five neutral substances(as control) and a set of 14 selected ionizable compounds including pesticides andinsecticides, but also pharmaceuticals, detergents and flame retardants that representtrace pollutants emitted via the wastewater treatment plant. Pristine polyethylene andpolystyrene particles were used since in the wastewater canalization system “young”particles occur and enter the WWTP where they get in contact with various (emerging)contaminants such as pharmaceuticals and personal care products which we used inthis study. Both plastic types are among the most abundant in WWTP (as reported e.g.Mintenig et al. (2017) and Murphy et al. (2016).
III 2 Materials & Methods
In total, 19 different chemicals were tested for their sorption interactions with differentmicroplastics. These chemicals include seven bases with dissociation constants (pKa)ranging from 1.09 to 8.37, eight acids covering pKa values of 3.13 to 13.9 and fourneutral substances. Details on the physico-chemical properties of these compoundsare listed in Table III 1.All chemicals except phenanthrene were purchased from LGC standards (Wesel,Germany). The latter was purchased from Sigma-Aldrich Supelco (Bellefonte, PA, USA).Polyethylene (PE) and polystyrene (PS) were used as representative types of mi-croplastics and were purchased from Azelis (trade name Gotalene 120, Moers, Germany)and Goodfellow Cambridge Ltd. (Huntingdon, UK), respectively. Sizes of polyethyleneand polystyrene microparticles were given by the supplier (uniform size distributionwith mean sizes of 260 µm and 250 µm, respectively) and confirmed by visual inspectionunder SEM (see images in the supporting information). Particles with comparable sizeswere chosen to better compare sorption mechanisms and to exclude huge differencesdue to size effects. Further, N2-BET surface areas were measured and revealed that PEis non-porous while PS is mesoporous with an average pore size of 195 Å. According toPascall et al. (2005) glass transition temperatures Tg of polyethylene and polystyreneare in the range of -120 ◦C and 100 ◦C, respectively.
III 2.1 Batch ExperimentsTo study equilibrium partitioning of charged and non-charged compounds, we performedbatch experiments with ultrapure water (electric conductance of 0.057 µScm−1 andmicroplastic particles at three different pH levels (4, 7, and 10) and the mix of selectedsubstances. For all compounds, initial concentrations in the water phase were around5 µgL−1 except for phenanthrene and 4n-nonylphenol. Due their high hydrophobicity,these two substances were expected to sorb very strongly. Therefore, initial concen-trations were 50 µgL−1 and 30 µgL−1, respectively, to avoid aqueous concentrationsbelow the detection limit. Initial concentrations of all substances were below 1 % oftheir water solubility to avoid competitive sorption. The batches were spiked from an
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aqueous contaminant solution to avoid co-solvent effects of organic solvents. Eitherformic acid or ammoniac were used to adjust the pH in the batches. For preparingthe neutral solution, 0.02 M Na2PO4 (Rotifair, Carl Roth) was used. For each pH, thesolutions were prepared in one glass vessel before they were distributed into the singlebatches. During the experiments, frequent pH measurements were performed to controlthe stability. All experiments were prepared in ultrapure water and performed in amberglass bottles to avoid biodegradation and photo-oxidation. Blanks were included toconfirm that neither biodegradation nor sorption to glass walls or seals etc. takeplace. The liquid-to-solid ratio in the batches was 0.001 kgL−1, namely 100 mg ofmicroplastics in 100 mL of solution. Batch experiments for each pH were performedin triplicates and samples of 2×1 mL were taken at the beginning (t=0) to quantifythe actual initial concentration. Further samples were taken after two, four, seven, andeleven (only for PS) days to measure the overall partitioning of the substances andto ensure that equilibrium was reached within the batches. Samples were taken fromcompletely independent batches, and all samples were considered to take outliers intoaccount as well. For detailed studies on kinetics and conformation of fast equilibrationsee Seidensticker et al. (2017). The bottles were constantly shaken on a horizontalshaker with a rotational speed of 150 rpm and kept in a dark room tempered to 20
◦C. The sampling procedure ensured that the liquid-to-solid ratio changed less than10 %. Thus, this minor change was neglected in the subsequent data analysis since itis in the range of the analytical error. As discussed below, only partition coefficientslarger than 50 Lkg−1 can be reliably determined since at larger liquid to solid ratiosthe measurement errors escalate. Therefore, all data resulting in smaller partitioncoefficients are not reported. Furthermore, the coefficients of variation (CV) have beencalculated as the standard deviation normalized to the mean values of the replicatesand given in %. CV values >100 % were as well a criterion for exclusion.
III 2.2 Chemical Analysis
Phenanthrene, 4n-nonylphenol, and TCPP were quantified via GC-MS. For analysis,an Agilent 6890 N GC coupled to an Agilent 7973 inert MS was used. For separation,a J+W Scientific DB-5MS (30 m length, 0.025 mm ID, 0.25 µm film thickness) capillarycolumn was used. The device was operated in a pulsed splitless mode with a Heliumflow of 0.7 mLmin−1. Samples were taken as described above and internal standards(phenanthrene-D10 and 4n-nonylphenol-D8) were added. Subsequently, the sampleswere extracted with 400 µL of cyclohexane, shaken overnight, and measured.The other 16 substances were quantified with LC-MS/MS and samples were directlyinjected after gravitational phase separation. Since the LC-System is equipped with apre-column filter, remaining particles would not be able to enter the column and toproduce false-positive results. For quantification, a calibration curve with nine differentconcentration levels from 0.025 µgL−1 to 10 µgL−1 was generated. For analysis, anAgilent 1290 infinity LC coupled to an Agilent 6490 Triple Quadrupole was used.Separation was performed with an Agilent InfinityLab C18 poroshell column (length100 mm, 2.1 µm ID). For elution, water (with 0.1 % acetic acid and 0.01 mM ammonium
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acetate) and acetonitrile (ACN, with 0.1 % acetic acid) were used. The gradient elutionlooks as follows (with percentage of ACN): start with 2 %, stepwise increase to 80 % until17 min, 100 % until 23 min, then again 2 % until 32 min. For the quantification of thesamples from the batch experiments with either Triclosan or Diclofenac, two isocraticmethods with 57% ACN or 70 % ACN were used, respectively. For these measurements,specific calibration curves were generated as well (concentration range from 0.5 µgL−1to 250 µgL−1 with seven calibration levels). Substances were ionized with an ESIsource operated either in positive or negative mode. Details on the ionization mode,mass transitions, and other analytical characteristics are reported in the appendix.
Table III 1: Physico-chemical properties of the investigated substances. Propertiesare either taken from EPISuite (molecular weight and log KOW of neutral species) orthe PubChem database (pKa). Subcooled liquid solubilities (WS) were estimated basedon melting points according to Kan & Tomson (1996) and Liu et al. (2013).
compound CAS# molecularweight
[gmol−1]
WSsub
[molL−1]
log
KOW
pKa
Acid-basereactionAtrazine 1912-24-9 215.69 5.43×10−3 2.61 1.60 BaseBenzotriazole 95-14-7 119.13 1.05 1.44 8.37 BaseCaffeine 58-08-2 194.19 1.65×101 0.07 NeutralCarbamazepine 298-46-4 236.28 3.10×10−3 2.45 13.9 AcidCarbendazim 10605-21-7 191.19 9.27×10−2 1.52 4.29 BaseDEET 134-62-3 191.28 Liquid 2.18 NeutralDiazinon 333-41-5 304.35 1.31×10−3 3.81 2.60 BaseDiclofenac 15307-86-5 296.15 1.87×10−4 4.51 3.99 AcidIbuprofen 15687-27-1 206.29 3.69×10−4 3.97 4.45 AcidMCPA 94-74-6 200.62 3.13×10−2 3.25 3.13 AcidMecoprop 7085-19-0 214.65 1.62×10−2 3.20 3.78 Acid4n-Nonylphenol 104-40-5 220.36 4.78×10−5 5.76 10.7 AcidPhenanthrene 85-01-8 178.24 3.95×10−5 4.46 NeutralPropiconazole 60207-90-1 342.22 Liquid 3.72 1.09 BaseTCPP 13674-84-5 327.57 Liquid 2.59 NeutralTebuconazole 107534-96-3 307.83 7.78×10−4 3.70 1.76 BaseTerbutryn 886-50-0 241.36 7.15×10−4 3.74 4.30 BaseTorasemide 56211-40-6 348.42 2.10×10−2 3.37 6.68 AcidTriclosan 3380-34-5 289.55 7.55×10−5 4.76 7.90 Acid
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III 2.3 Model-Based Data AnalysisLinear partitioning of a substance between two phases, here water and a type ofmicroplastics, is given as the equilibrium partition coefficient KP [Lkg−1], i.e. theconcentration ratio of the sorbed (CP in [µgkg−1]) and dissolved (CW in [µgL−1]) fraction.
KP =
CPE
CW
in equilibrium (III 1)
For ionizable compounds, the pH-dependent partition coefficient DP can be calculated.
DP = KP,n fn+KP,i fi (III 2)
where fn and fi are the fractions of the neutral and ionized species and KP,n and KP,iare the species-specific partition coefficients for the neutral and the ionized species,respectively. fn and fi were calculated from the known pKa and pH values according tothe rearranged Henderson-Hasselbalch equation while the species-specific partitioncoefficients were deduced from fitting the calculated DP value to the experimentallydetermined DP values. At each pH and for each substance, DP was calculated fromnine or twelve measured aqueous concentrations for PE and PS, respectively. Nomeasurement results were excluded. For the fitting procedure a MATLAB Code (VersionR2017b) was used. Within this code, a nonlinear least-squares solver was used tocalculate KP,n and KP,i from fitting equation III 2 to measured DP values. This procedureallows to calculate a theoretical DP for each substance over the full pH range. To assessthe uncertainty of the determination of partition coefficients a simple error evaluationwas considered:
KP,c −KP,m
KP,c
=
 + VWmPKP,c 
1+ 
=

1+ 
(
1+
VW
mPKP,c
) (III 3)
with KP,c and KP,m as the calculated and measured partition coefficients, respectivelyand VW , mP, and  denote the volume of water, the mass of particles and the uncertaintyof the measurement (e.g. a standard deviation).
III 2.4 Aqueous Pollutant Concentrations in Two ScenariosExperimental results on the overall sorption coefficients of the investigated substancesat three pH values were used to calculate two scenarios with different microplasticconcentrations. In both scenarios organic carbon (values for KOC were taken from USEPA EPISuite 4.1 and apply for so-called “normal” soil organic matter) was present as anatural sorbent which can compete for the sorbates and is able to act as a vector as well.In order to compare the results from our experiments with an environmental relevantsetting, two different liquid-to-solid ratios (LSR) concerning the amount of plasticswere chosen. To match our experimental conditions, in Scenario I, a LSR of 103 Lkg−1
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and to reflect particle concentrations closer to current environmental conditions and inScenario II a LSR of 1010 Lkg−1 (comparable to conditions at the effluent of WWTPs,according to particle concentrations recorded by Mintenig et al. (2017) were chosen.The mass of organic carbon was set to 10 mg, i.e. a concentration of 10−5 kgL−1. Thedissolved fraction fdiss in the water, i.e. the ratio between the equilibrium and the initialconcentration, may be easily calculated:
fdiss =
1
1+KOC mOC/VW +KP mP/VW (III 4)
VW , mOC , and mP denote the volume of water, the mass of organic carbon and themass of plastic particles, respectively. Each scenario was calculated over a range of
KOC- and KP-values and for the three different pH values used in the experiments.For the investigated substances, KP was quantified with the particle-water partitioncoefficient that was experimentally determined.
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III 3 Results & Discussion
III 3.1 Equilibrium Sorption to PESorption to PE is in general strongly dependent on the substance properties and ismostly driven by partitioning. Polymer properties as e.g. density (O’Connor et al.,2016), branching of polymer chains and crystallinity (Endo et al., 2005) may as wellinfluence sorptive interactions. Sorption of non-polar compounds is stronger thansorption of polar compounds and sorption of charged species is weaker than sorptionof neutral species (Figure III 1). Fluctuations of sorbed percentages will be discussedbelow. Detailed sorption plots of every substance and the respective agreement withthe model can be found in the SI. In general, the model could be fitted to the measuredoverall partition coefficients quite well. The derived KPE,n and KPE,i are listed in TableIII 2, to secure reliability, exactly values were only reported if KPE were <50 Lkg−1and/or CV were >100 %.
Table III 2: KPE,n and KPE,i values derived from the model fit (Eq. III 2) to measured
DP values and compared to the log KOW . K values below 50 Lkg−1 are not reporteddue to too large uncertainties.
compound log KOW KPE,n KPE,i %-variation coefficients of DPpH 4 pH 7 pH 10Atrazine 2.61 <5.0×101 5.0×101 49.3 60.1 54.7Benzotriazole 1.44 <5.0×101 <5.0×101 185.3 69.2 38.8Caffeine 0.07 <5.0×101 n.a. 69.4 63.1 157.0Carbamazepine 2.45 6.7×101 <5.0×101 129.2 59.3 60.6Carbendazim 1.52 <5.0×101 <5.0×101 161.8 54.2 57.3DEET 2.18 5.2×101 n.a. 122.0 44.3 100.8Diazinon 3.81 1.75×103 <5.0×101 39.0 75.8 14.7Diclofenac 4.51 1.5×102 <5.0×101 57.9 61.6 133.6Ibuprofen 3.97 2.6×102 1.9×102 35.5 59.4 81.0MCPA 3.25 8.8×103 <5.0×101 74.2 163.3 13130.3Mecoprop 3.20 <5.0×101 <5.0×101 146.7 522.4 139.94n-Nonylphenol 5.76 6.0×103 7.2×102 13.5 13.6 12.4Phenanthrene 4.46 9.9×103 n.a. 8.7 12.4 28.3Propiconazole 3.72 3.4×102 <5.0×101 45.0 52.0 26.2TCPP 2.59 2.2×102 n.a. 77.5 84.8 24.6Tebuconazole 3.70 1.4×102 <5.0×101 48.0 75.0 35.4Terbutryn 3.74 6.2×101 6.3×101 31.8 53.8 18.1Torasemide 3.37 1.3×102 <5.0×101 210.6 34.1 34.0Triclosan 4.76 1.1×103 <5.0×101 27.8 38.2 203.1
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Even though it is expected, that the species-specific partition coefficient of the ionsis zero or close to zero, for some compounds the species-specific partition coefficientsindicate that the charged species contribute to sorption as well. For these cases, the
KPE,i’s difference from zero is greater for weakly sorbing compounds. These results willbe discussed in more detail below. For some substances, sorption did not significantlydecrease with increasing share of ionized species indicating that structural features ase.g. the hydrophobic neutral tail of the surfactant-like nonylphenol are responsible forsorptive interactions.
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Figure III 1: Sorbed fractions of the investigated contaminants to polyethylene atdifferent pH levels. The bars are colored according to the acid/base-properties of thesubstances as indicated in the legend. For substances for which a negative DP hasbeen determined, the sorbed percentage was set to zero.
III 3.2 Equilibrium Sorption to PSSorption to PS was stronger than sorption to PE for most of the investigated substancesand driven by both partitioning and adsorption (e.g., a pore-filling mechanisms confirmedby the non-linear sorption isotherms (as provided in the SI) which is in agreement withfindings of other authors (Wang &Wang, 2018a; Hüffer & Hofmann, 2016). Nevertheless,sorption coefficients for both plastic types are within the same order of magnitude.Furthermore, in analogy to the case for PE, sorption to PS was driven by hydrophobicityas well and substances that sorbed strongly to PE also sorbed strongly to PS (FigureIII 2). Detailed plots of measured and modeled DP for all substances can be foundin the SI. Again, the model could be fitted to measured overall partition coefficientswell and, again, the model fits were better for stronger sorbing compounds. Based onthe deduced KPS,n and KPS,i , sorption of neutral species to PS is stronger than to PE
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whereas sorption of the ionic species is weaker for most of the substances (Tables III 2and III 3). Coefficients of variation increase with increasing share of ionic species, thusdecreasing sorption what leads to the conclusion that for weakly sorbing ionic speciesthe error escalates. Differences between sorption to PE and PS can most likely beexplained due to the non-linearity of sorption to PS. Consideration of the differencesbetween ambient concentrations and water solubility are crucial if nonlinear sorptionmechanisms are investigated. Studies performed e.g. by Hüffer & Hofmann (2016) andLee et al. (2014) determined higher partition coefficients for PS whereas other studiesby Pascall et al. (2005) indicate stronger sorption to PE.
Table III 3: KPS,n and KPS,i values derived from the model fit (Eq. III 2) to measured
DP values and compared to the log KOW . K values below 50 Lkg−1 are not reporteddue to too large uncertainties.
compound log KOW KPS,n KPS,i %-variation coefficients of DPpH 4 pH 7 pH 10Atrazine 2.61 <5.0×101 5.0×101 244.2 335.9 257.3Benzotriazole 1.44 <5.0×101 <5.0×101 444.7 88.4 213.7Caffeine 0.07 <5.0×101 n.a. 1785.7 428.3 1199.7Carbamazepine 2.45 <5.0×101 <5.0×101 172.2 175.6 283.2Carbendazim 1.52 <5.0×101 <5.0×101 471.1 598.5 117.5DEET 2.18 <5.0×101 n.a. 177.1 240.7 500.2Diazinon 3.81 2.15×103 2.09×103 93.6 82.5 53.5Diclofenac 4.51 2.70×102 <5.0×101 93.0 214.2 6101.7Ibuprofen 3.97 2.05×102 <5.0×101 45.9 184.0 161.0MCPA 3.25 <5.0×101 <5.0×101 699.7 1564.9 196.7Mecoprop 3.20 <5.0×101 <5.0×101 138.6 609.1 2206.84n-Nonylphenol 5.76 7.21×103 3.74×103 18.7 49.8 31.2Phenanthrene 4.46 7.21×103 n.a. 29.8 21.5 40.4Propiconazole 3.72 1.17×102 <5.0×101 44.5 169.0 48.9TCPP 2.59 1.06×102 n.a. 42.5 61.5 30.6Tebuconazole 3.70 9.89×101 <5.0×101 57.3 97.0 85.7Terbutryn 3.74 <5.0×101 <5.0×101 158.7 166.8 90.2Torasemide 3.37 <5.0×101 <5.0×101 2502.6 95.4 70.5Triclosan 4.76 5.12×103 <5.0×101 95.6 123.4 241.9
In general, there is a lack of experiments comparing sorption to different typesof microplastics. Experiments performed in our own lab showed that sorption of apolycyclic aromatic hydrocarbon (phenanthrene) and two heterocyclic compounds to PEand PS was stronger for PE and revealed a slight non-linearity of sorption isothermsto PS (reported in the SI). Therefore, we conclude that sorption to PE is driven bypartitioning, i.e. absorption, whereas sorption to PS may be driven by both adsorption
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and subsequent pore-filling mechanisms which are confirmed by the nonlinear sorptionisotherms. According to the high glass transition temperature of PS, the fee volumewithin the polymeric matrix is low and hence adsorption is favored in comparison toabsorption (Pascall et al., 2005). As there are many producers of plastics using differentingredients, the differences between the same types of plastics can be as manifold asthe number of manufacturers. Hence, the outcome of such sorption experiments can bedifferent depending on the material supplier and comparability is in general difficult.
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Figure III 2: Sorbed fractions of the investigated contaminants to polystyrene atdifferent pH levels. The bars are colored according to the acid/base-properties of thesubstances as indicated in the legend. For substances for which a negative DP hasbeen determined, the sorbed percentage was set to zero.
III 3.3 Sorption of the Ionic SpeciesAs expected, the species-specific partition coefficients for most substances were higherfor the neutral species the ionic species of some substances showed some significantsorption as well. This occurred especially for more hydrophobic substances such asnonylphenol and triclosan whereas for weakly sorbing compounds species-specificpartitioning coefficients of the ionic species where at least one order of magnitudesmaller. Whereas predictions solely based on the log KOW which is the classicparameter for estimating hydrophobicity fail to predict accumulation of ionic species(Escher et al., 2000) there is some evidence that polar species can accumulate withinorganisms as well and play an important role in bioaccumulation in fat (Dołżonek et al.,2017; Goss et al., 2018). Also carbon nanotubes can sorb ionic liquids (Wojsławskiet al., 2018).
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III 3.4 Impact of Particle Concentration
The best practice to sensitively measure partition coefficients is to choose a liquid-to-solid ratio (LSR) in the same range or lower as the prospective partition coefficientthat should be determined. This allows determination of the partition coefficient witha sufficiently low uncertainty. In our experiments, the LSR was 103 Lkg−1, thus onlypartition coefficients greater than 103 Lkg−1 or slightly smaller (<50 Lkg−1) can bedetermined with small errors. As it can be seen in Figure III 3, the partition coefficientsdetermined for polar and weakly sorbing compounds are subject to greater uncertaintyand the deviation between the calculated and the measured partition coefficientsincrease with decreasing sorption independent of the pH. Therefore, the partitioncoefficients determined for polar and weakly sorbing compounds are subject to greateruncertainty which is reflected in the variation coefficients.
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Figure III 3: Uncertainty of partition coefficients calculated according to equation III3. Uncertainties were determined with standard analytical errors of  = ±5 % (dottedlines) and of  = ±10 % (dashed lines). The differences between the measured DP(x-axis) and the calculated DP (y-axis) are displayed by the black and red symbols forPE and PS, respectively. Crosses, circles and pluses indicate DP values determined atpH 4, pH 7, and pH 10, respectively.
A LSR of 103 Lkg−1 as chosen in our batch experiments represents microplasticsconcentrations that are orders of magnitude larger than the ones that were detected inthe environment where LSRs are usually >109 Lkg−1 (Koelmans et al., 2016; Minteniget al., 2017; Schmidt et al., 2017). Thus, batch setups focusing on elucidating a specificprocess detail, like the species-specific sorption coefficients in this study, do not reflectenvironmental relevant conditions, in particular when considering that plastic debrisis just a very minor fraction compared to all natural particles that environmentalcontaminants can partition to. In addition, for most of the substances investigatedwithin this study, the determined DPs were below the order of 101 to 102 Lkg−1, i.e.
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the lower the particle concentration the smaller is the mass flux of the substance intothe solid phase and, with this, the resulting highly uncertain measurements of KP.Therefore, adsorption efficiencies reported in literature (e.g. 60 % and 70 % for PFCsorption to PE and PS (Llorca et al., 2018)) are only possible under very low (andthus unrealistic) LSRs. This is even more true under environmental conditions as thereare more sorbing phases such as black carbon or dissolved organic matter availablewhich take up contaminants as well and partly even much stronger than polymers(Beckingham & Ghosh, 2017). Calculations on equilibrium distribution in a freshwatersystem containing natural sorbents (organic carbon) and microplastic particles showthat microplastics are only relevant if their concentration in water is much higher thanthe concentration of other organic carbon containing phases (Scenario I, Figure III 4,top). However, at environmental relevant concentrations of microplastics the effect ofnatural organic particles likely prevails. If KP is smaller than the LSR, the distributionof the tested substances shifts and almost all compounds would predominantly beavailable in the freely aqueous phase (Scenario II, Figure III 4, bottom).
Figure III 4: Equilibrium distribution map for a freshwater system with natural par-ticles (organic carbon) and microplastic particles under two different concentrationscenarios. Experimental conditions (plastic LSR = 103 Lkg−1, Scenario I) are shownin the top panel and environmental conditions (plastic LSR = 1010 Lkg−1, ScenarioII) in the bottom panel. Crosses, circles and pluses show the aqueous equilibriumconcentrations at pH 4, pH 7, and pH 10, respectively, in µgL−1 calculated with theexperimentally determined DP for PE (black symbols) and for PS (red symbols) andthe investigated substances. For both cases, a constant concentration of 10−5kgL−1 OCwere assumed. KOC values were estimated using EPISuite 4.1.
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Thus, our findings for ionizable compounds also support arguments which statethat microplastic particles are not substantial vectors for contaminants in terms ofsubstance mass transported due to their low environmental concentrations (Koelmanset al., 2016; Lohmann, 2017). In particular this is true if considered that at very low,but environmental relevant concentration, e.g. for phenanthrene, field-measured Kd-values for partitioning to suspended sediment particles lead to much larger KOC-values(Rügner et al., 2013) than estimated from the EPISuite-database due to nonlinearsorption. Thus, the particles’ sorption capacity may be even larger as assumed in ourmodel calculations. Even though particle properties and sorption interactions maychange under environmental conditions in particular due to aging (Jahnke et al., 2017),studying sorption to rather pristine particles is highly relevant since the alterationthrough aging can only be investigated if sorption processes to pristine particles areknown.
III 3.5 Conclusion & OutlookTo assess the potential effects of microplastics and associated contaminants on ecosys-tems it is important to properly evaluate the particle-pollutant interactions especiallysince this determines their bioavailability which is yet not well understood. Hydro-and geochemical parameters as well as contact with biota may change particle char-acteristics, e.g. their surface charge and texture, and may procure aggregation (Liet al., 2018; Wang et al., 2016). Thus, it is essential to analyze whether sorptioninteractions occur which are going beyond mere partitioning as investigated here. Atleast for pristine plastic particles we could show, that partitioning is still the mainsorption mechanism and sorption of charged species at least with current environmentalmicroplastic concentrations in freshwaters is irrelevant.
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Calculations
To calculate the fractions of neutral and charged species equation (III A1) and equation(III A2) were used for acids and bases, respectively.
fn,a =
1
1+10pH−pKa
(III A1)
fn,b =
1
1+10pKa−pH
(III A2)
The used pKa values are listed in Table III 1 in the main manuscript.
For all substances the pH-dependent partition coefficient DP was calculated foreach pH. As explained in the main manuscript a MATLAB Code using a nonlinearleast-square solver was operated to estimate the partition coefficients KP,n and KP,ifor the neutral and the ionic species, respectively for both types of plastic particles.Subsequently the theoretical DP,calc were calculated for each pH using equation (IIIA3).
DP,calc = fnKP,n+ (1− fn)KP,i (III A3)
To compare each of the measured DPs with the theoretical DP,calc, for each pH,each compound, and the two different types of microplastics error calculations wereperformed as specified in the manuscript.
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Particle Properties
Figure III A1: SEM images of used PE (left panel, A-C) and PS (right panel, D-F)particles.
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Results for Polyethylene Particles
The measured partition coefficients between the chosen contaminants and polyethyleneare listed in Tables III A1, III A2, and III A3 for pHs of 4, 7, and 10, respectively.Comparison between estimated and measured partition coefficients are shown inFigures III A2, III A3, and III A4 for acids, bases, and neutrals, respectively.
Table III A1: Measured DP and calculated DP,calc for sorption of investigated com-pounds to polyethylene at pH = 4.
Substance Measured Partitioncoefficient DP Calculated Partitioncoefficient DP,calcNonylphenol 7063 6248Carbamazepin 72 67Diclofenac 102 98Ibuprofen 246 246MCPA 96 438Mecoprop <50 -133Torasemide 120 128Triclosan 1330 1123Atrazin <50 38Benzotriazol <50 -9Carbendazim 57 57Diazinon 1741 1706Propiconazole 309 335Tebuconazole 137 137Terbutryn 63 63Caffeine 65 35DEET <50 52Phenanthrene 11451 9909TCPP <50 218
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Table III A2: Measured DP and calculated DP,calc for sorption of investigated com-pounds to polyethylene at pH = 7.
Substance Measured Partitioncoefficient DP Calculated Partitioncoefficient DP,calcNonylphenol 4755 6246Carbamazepin 109 67Diclofenac 95 50Ibuprofen 190 187MCPA <50 -224Mecoprop 79 72Torasemide 106 90Triclosan 1051 1313Atrazin <50 38Benzotriazol <50 -5Carbendazim <50 30Diazinon 2376 1750Propiconazole 425 336Tebuconazole 119 137Terbutryn <50 62Caffeine 96 35DEET 93 52Phenanthrene 9921 9909TCPP 539 218
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Table III A3: Measured DP and calculated DP,calc for sorption of investigated com-pounds to polyethylene at pH = 10.
Substance Measured Partitioncoefficient DP Calculated Partitioncoefficient DP,calcNonylphenol 5353 5514Carbamazepin <50 67Diclofenac <50 50Ibuprofen 184 187MCPA <50 -225Mecoprop 67 73Torasemide <50 52Triclosan 2089 2034Atrazin 51 38Benzotriazol <50 -42Carbendazim <50 30Diazinon 1091 1750Propiconazole 272 336Tebuconazole 155 137Terbutryn 92 62Caffeine <50 35DEET <50 52Phenanthrene 8353 9909TCPP 93 218
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Figure III A2: Comparison of measured DP and theoretical partitioning for sorption ofacids to polyethylene illustrated by the blue crosses and dashed lines, respectively.The vertical dotted lines indicate the pKa values. Due to the log-scale of the y-axisonly positive values can be displayed.
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Figure III A3: Comparison of measured DP and theoretical partitioning for for sorptionof bases to polyethylene illustrated by the blue crosses and dashed lines, respec-tively. The vertical dotted lines indicate the pKa values. Due to the log-scale of they-axis only positive values can be displayed.
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Figure III A4: Measured DP for sorption of neutrals to polyethylene illustrated by theblue crosses. Due to the log-scale of the y-axis only positive values can be displayed.
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Results for Polystyrene Particles
The measured partition coefficients between the chosen contaminants and polystyreneare listed in Tables III A4, III A5, and III A6 for pHs of 4, 7, and 10, respectively.Comparison between estimated and measured partition coefficients are shown inFigures III A5, III A6, and III A7 for acids, bases, and neutrals, respectively
Table III A4: Measured DP and calculated DP,calc for sorption of investigated com-pounds to polystyrene at pH = 4.
Substance Measured Partitioncoefficient DP Calculated Partitioncoefficient DP,calcNonylphenol 11149 9182Carbamazepin 131 196Diclofenac 124 137Ibuprofen 176 176MCPA <50 4193Mecoprop 266 348Torasemide <50 26Triclosan 6243 5114Atrazin 163 207Benzotriazol <50 -19Carbendazim 101 101Diazinon 4162 2147Propiconazole 182 117Tebuconazole 281 99Terbutryn <50 1Caffeine 52 5DEET 201 221Phenanthrene 7623 7212TCPP 105 106
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Table III A5: Measured DP and calculated DP,calc for sorption of investigated com-pounds to polystyrene at pH = 7.
Substance Measured Partitioncoefficient DP Calculated Partitioncoefficient DP,calcNonylphenol 6330 9180Carbamazepin 221 196Diclofenac 75 3Ibuprofen 55 31MCPA <50 -2217Mecoprop <50 -26Torasemide <50 -24Triclosan 2456 3885Atrazin 238 208Benzotriazol <50 -23Carbendazim <50 -16Diazinon 607 2148Propiconazole 67 117Tebuconazole <50 99Terbutryn <50 130Caffeine <50 5DEET 240 221Phenanthrene 7549 7212TCPP <50 106
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Table III A6: Measured DP and calculated DP,calc for sorption of investigated com-pounds to polystyrene at pH = 10.
Substance Measured Partitioncoefficient DP Calculated Partitioncoefficient DP,calcNonylphenol 9273 8438Carbamazepin 236 196Diclofenac <50 3Ibuprofen <50 30MCPA <50 -2226Mecoprop <50 -26Torasemide <50 -73Triclosan <50 -766Atrazin 222 208Benzotriazol <50 -82Carbendazim <50 -16Diazinon 1631 2148Propiconazole 102 117Tebuconazole <50 99Terbutryn 351 131Caffeine <50 5DEET 221 221Phenanthrene 6465 7212TCPP 182 106
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Figure III A5: Comparison of measured DP and theoretical partitioning for sorption ofacids to polystyrene illustrated by the blue crosses and dashed lines, respectively.The vertical dotted lines indicate the pKa values. Due to the log-scale of the y-axisonly positive values can be displayed.
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Figure III A6: Comparison of measured DP and theoretical partitioning for sorption ofbases to polystyrene illustrated by the blue crosses and dashed lines, respectively.The vertical dotted lines indicate the pKa values. Due to the log-scale of the y-axisonly positive values can be displayed.
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Figure III A7: Measured DP for sorption of neutrals to polystyrene illustrated by theblue crosses. Due to the log-scale of the y-axis only positive values can be displayed.
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Isotherms
To evaluate sorption mechanisms for pollutants on PE and PS, we measured sorptionisotherms. As sorbates phenanthrene (PAH), dibenzofuran (O-Heteroclylic), and diben-zothiophene (S-Heteroclylic) were used. The best fit for sorption on PE resulted in alinear isotherm whereas sorption on PS could best be described by a power functionindicating nonlinear sorption mechanisms (Figure III A8). R-squared values for all sixisotherms were >0.98. The exponents of the fitted power functions were in the rangeof 0.75−0.78. N2-BET measurements were used to determine surface area and porevolumes of the different plastic particles. While PE is non-porous and had a surfacearea of 0.098 m2g−1 (the applied method was not able to determine a pore volume),PS can be characterized as a porous material with a surface area of 0.6518 m2g−1 anda pore volume of 0.0032 cm3g−1. Thus, different sorption isotherms can be explainedby different involved mechanisms since pore-filling mechanisms may play a role inpartitioning to PS.
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Figure III A8: Sorption isotherms for phenanthrene (blue), dibenzofuran (red), anddibenzothiophene (green). Both axes scaled logarithmic. Crosses and circles showsorption to PE and PS, respectively.
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Paper IVShift in Mass Transfer of WastewaterContaminants from Polyethylene in thePresence of Dissolved Substances
Abstract
In aqueous environments, hydrophobic organic contaminants are often associated withparticles. Besides natural particles, microplastics have raised public concern. Therelease of pollutants from such particles depends on mass transfer, either in an aqueousboundary layer or by intraparticle diffusion. Which of these mechanism controls mass-transfer kinetics, depends on partition coefficients, particle size, boundary conditions,and time. We have developed a semi-analytical model accounting for both processes,and performed batch experiments on desorption kinetics of typical wastewater pol-lutants (phenanthrene, tonalide, benzophenone) at different dissolved-organic-matterconcentrations, which change overall partitioning between microplastics and water. Ini-tially, mass transfer is externally dominated while finally intraparticle diffusion controlsrelease kinetics. Under boundary conditions typical for batch experiments (finite bath),desorption accelerates with increasing partition coefficients for intraparticle diffusion,while it becomes independent of partition coefficients if film diffusion prevails. Contrary,under field conditions (infinite bath), pollutant release controlled by intraparticle diffu-sion is not affected by partitioning of the compound while external mass transfer slowsdown with increasing sorption. Our results clearly demonstrate that sorption/desorptiontime scales observed in batch experiments may not be transferred to field conditionswithout an appropriate model accounting for both mass transfer mechanisms and thespecific boundary conditions at hand.
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IV 1 Introduction & Background
The pollution of freshwater ecosystems by an increasing number of chemicals causesadverse effects on aquatic organisms and even human health (Schwarzenbach et al., 2006).Within these systems, however, hydrophobic contaminants are often associated withvarious kinds of particles rather than being freely dissolved. Thus, the investigation ofparticle facilitated transport is important (Barber et al. (2006), Ko & Baker (2004)). Therelevant particle types include colloids, such as natural organic substances, suspendedsediments, different kinds of black carbon, and plastic-debris (Cornelissen et al., 2005;Luthy et al., 1997; Ghosh et al., 2003; Beckingham & Ghosh, 2017). The contaminationand ubiquitous detection of plastic particles in freshwater ecosystems has attracted bothpublic and scientific attention (Barnes et al., 2009; Eriksen et al., 2013). Microplasticsare defined as particles made of any synthetic polymer with a size smaller than 5 mm(Thompson et al., 2004). These particles can be ingested and accumulated by organisms(Browne et al., 2013; Tanaka et al., 2013). Whether they significantly contribute topollutant transfer is currently discussed in literature(Besseling et al., 2017). They canalso influence the ecosystem by releasing plastic additives, such as plasticizers andflame retardants, and by acting as a vector for transport of hydrophobic contaminants(Rochman et al., 2014; Teuten et al., 2007). It is of relevance to which extent microplasticsfacilitate the transport of organic contaminants in freshwater ecosystems, particularlyin light that they are often introduced in urban, polluted areas (Mani et al., 2015;Rule et al., 2006). The potential for microplastics to act as a sorbent for hydrophobiccontaminants has been shown in several studies (Fries & Zarfl, 2012; Guo et al.,2012; Lee et al., 2014; Mato et al., 2001; Rochman et al., 2013; Teuten et al., 2007).Most of these studies focused on equilibrium partitioning of contaminants betweenmicroplastics and water. The aim of this study is to investigate the sorption kinetics ofwastewater pollutants from microplastics. Specifically, we analyze shifts of mass transferfrom external film diffusion to intraparticle diffusion in batch systems as a function ofpartition coefficients (Gschwend & Wu, 1985). We used frequently occurring wastewatercontaminants to study their sorption properties from low-density-polyethylene (LDPE)particles, which are frequently detected in the environment (Andrady, 2011; Faureet al., 2015). In addition, we used standard humic acids (HA) which solubilizes organiccontaminants in water and thus allows to cover a wide range of partition coefficients(Gouliarmou et al., 2012; Pan et al., 2007). Previous studies revealed that humic acidssignificantly impact desorption of hydrophobic compounds from organic phases intoaqueous solutions (Smith et al., 2011; ter Laak et al., 2009). This, however, dependson whether mass transfer is controlled by intraparticle or external film diffusion. Thelatter may be expressed by two mass-transfer processes in series, an external and aninternal one, respectively (Finkel et al., 2016; Grathwohl, 2014). In the present study,we derived a semi-analytical solution of mass transfer between particles and the bulkfluid considering both processes and experimentally validated it with compounds ofdifferent hydrophobicity at different concentrations of dissolved organic matter.
A 100 Sven Seidensticker
Paper IV
IV 2 Materials & Methods
The suppliers of all chemicals and instruments are reported in the supporting informationIV 4.3.
IV 2.1 Batch ExperimentsDesorption kinetics was studied in batch experiments involving polyethylene spherespre-loaded with hydrophobic pollutants (phenanthrene, tonalide and benzophenone)with different concentrations of humic acid in aqueous solution. Humic acid solutionswere prepared by adding 2 g of a raw humic-acid standard to 1 L ultrapure watercontaining 2 mM phosphate-buffered saline (PBS) buffer solution leading to a slightlyalkaline pH of 7.7 and shaken overnight. Particles were removed by subsequentlypassing the solution through 1.5 µm, 0.7 µm, and 0.45 µm pore sized filters. To obtaina final concentration of 1 gL−1, the solution was diluted in 2 mM PBS solution. Theorganic carbon fraction of the dissolved humic acids was 0.41. In the course of theexperiments, frequent DOC and pH measurements were performed to control the stability.Blank measurements of DOM solutions revealed that they contained no substanceswhich might distort the measurement of the dissolved pollutants. The polyethylene(PE) spheres were clear particles without dye (density = 0.92 kgL−1) that are usuallyused as an ingredient of cosmetic products. The particles were approximately sphericalshaped and had a diameter of 260 µm. The microplastics were loaded with pollutantsby shaking 2 g of them in a 200 mL methanol/water solution (20/80 v/v ) for 96 h andadding 80 µg of phenanthrene and 250 µg of tonalide or benzophenone. Chemicals wereadded one at a time in separate experiments to avoid mixture effects. Methanol wasadded to decrease the partition coefficients which accelerates loading with hydrophobiccompounds. After shaking and sieving with 75 µm mesh, the microplastics were rinsedthree times with ultrapure water to prevent pollutants precipitating on the surface duringsubsequent drying under a gentle nitrogen stream. A subsample of microplastics wereextracted afterwards to determine the amount of pollutant uptake in the spheres. Theextraction of microplastics was performed with cyclohexane. Analyzed concentrations(± relative standard deviation) in the plastic were 42.8 (± 2.9 %), 124 (± 1.4 %), and 15.8(± 0.5 %) µgg−1 of phenanthrene, tonalide, and benzophenone, respectively. Relevantproperties of the selected compounds are shown in Table IV 1. The concentrationof microplastics in batch experiments was kept constant (1 gL−1) while six differentconcentrations of humic acids (0, 0.15, 0.25, 0.50, 0.75, 1.00 gL−1) were used. We added0.25 g microplastics, loaded with the contaminants, to 250 mL of contaminant-freeaqueous solutions in 0.25 L amber glass bottles. To avoid biodegradation as well asphotooxidation, we added 0.05 gL−1 of NaN3 and kept the bottles in the dark. The lidswere equipped with PTFE seals. The bottles were constantly shaken on a horizontalshaker with rotational speed of 150 rpm and kept in a room constantly tempered to20 ◦C. We took samples of 1 mL solution in duplicates at 10, 20, 40 min, 1, 2, 4, 8, 24,48, 96 h, and last sampling after 120, 170, or 240 h and processed them as describedbelow. Due to the sampling procedure, the liquid-to-solid ratio changed less than 10%, which was neglected in the subsequent analysis of the data since the change is in
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the range of the analytical error. As shown later (Figure IV 3), equilibration occurredlatest after 8 h. Sorption to glass walls, seals etc. of the batch system was determinedin triplicate using a 200 µgL−1 solution of the pollutants and was found to be smallerthan the uncertainty of the GC measurements.
Table IV 1: Compound-specific properties of the chosen substances. Daq and DPE arethe diffusion coefficients in water and polyethylene, respectively. Data were obtainedas specified in the subtext.
parameter phenanthrene tonalide benzophenonemolecular weighta 178.2 258.2 188.2[g mol−1]molecular volumea 157.7 280.9 167.5[cm3]
Daq after Worch (1993) 7.6×10−10 6.2×10−10 7.4×10−10[m2 s−1]
DPE after Lohmann (2011) 4.1×10−13 6.7×10−15 3.0×10−13[m2 s−1]
DPE after Rusina et al. (2010) 3.5×10−13 2.8×10−14 2.6×10−13[m2 s−1]water solubilitya,b 1.15 1.25 137[mg L−1]melting pointa,c 99.2 57.0 47.8[◦C]subcooled liquid solubilityd 4.2 2.9 260[mg L−1]
log KOWa,b 4.5 5.7 3.2a data obtained from ChemSpider database (www.chemspider.com)b values for tonalide were taken from Balk & Ford (1999)c values for tonalide were taken from Paasivirta et al. (2002)d calculated according to Kan & Tomson (1996) and Liu et al. (2013)
IV 2.2 Chemical AnalysisWe determined the concentrations of the selected pollutants in the bulk aqueous solution(water including dissolved organic matter) by GC-MS. Samples of 1 mL solution weretaken at the described time points using a glass pipette and 10 µL of deuteratedinternal standard were added. Subsequently the samples were extracted with 400 µLof cyclohexane and analyzed by GC-MS. For separation, a 30 m long dimethylsiloxane-coated capillary column with 0.025 mm inner diameter and 0.25 µm film thickness andhelium as carrier gas were used (flow rate 0.7 mL min−1). The mass-to-charge ratiosused for quantification were 105, 178, and 243 for benzophenone, phenanthrene, andtonalide, respectively.
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IV 3 Theory
IV 3.1 Equilibrium PartitioningLinear partitioning of a compound between two phases, here polyethylene (PE) andwater, is given as the concentration ratio in equilibrium (i.e. the partition coefficient in
Lkg−1):
KPE−W =
CPE
CW
in equilibrium (IV 1)
By introducing a second dissolved phase, here humic acids, the chemical has toequilibrate between the three phases in the system and the partition coefficient
K∗PE−W between the overall aqueous solution and the solids decreases with increasingconcentration [kgL−1] of dissolved organic matter (DOM) is (Schwarzenbach et al.,2005):
K∗PE−W =
KPE−W
1+KDOMDOM
=
CPE
C∗W,eq
(IV 2)
KDOM is the partition coefficient [Lkg−1] between the dissolved organic matter andpure water. Only if the product KDOM ×DOM becomes larger than unity, a significantchange in partitioning of a compound between aqueous solution and solids may beexpected. Since DOM contents typically are below 0.001 kgL−1, only compounds with
KDOM larger than 1000 are significantly affected. C∗W represents the concentration inthe bulk solution, i.e. the freely dissolved concentration plus the concentration in theDOM phase. Based on the mass balance in the three-phase system, the equilibriumconcentration C∗W,eq [µgL−1] in the DOM-inclusive aqueous phase for given initialconcentration CPE (0) [µgkg−1] in the PE and C∗W (0) [µgL−1] in the aqueous phase (inour experiments always zero) can be computed as a function of the liquid-to-solid ratio
VW/mP [Lkg−1] and via the partition coefficients on the DOM-concentration by:
C∗W,eq =
CPE (0)+C∗W (0)VWmP
VW
mP
+K∗PE−W
(IV 3)
IV 3.2 Mass Transfer ModelThe mass transfer of organic pollutants between the particles and a surrounding bulksolution of finite volume comprises diffusion within the plastic particles and subsequenttransfer from the particle surface through an aqueous boundary layer into the bulksolution (Fernandez et al., 2009; Thompson et al., 2015). The slower process controls theoverall kinetics. The underlying assumptions for the analysis of our finite-volume batchexperiments are: (i) the bulk solution is homogeneously mixed, (ii) the external masstransfer between the particles and the bulk solution is proportional to the difference
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of the aqueous (DOM-inclusive) concentrations between the bulk solution and theparticle surface, (iii) at the particle surface, local equilibrium between the two phasesexists, and (iv) the mass flux within the plastic particles is by diffusion in the polymer.Additionally, we assumed equilibrium partitioning between water and DOM. Thisconceptual framework is illustrated in Figure IV 1, where we implicitly assume thatthe contaminant is restricted to the plastic particle with uniform concentration in theinitial state.To consider both internal and external mass transfer in series, we formulate a coupledtransport model. Within the plastic particles, we consider the diffusion equation inspherical coordinates:
∂CPE
∂t
−DPE
[
∂2CPE
∂r2
+
2
r
∂CPE
∂r
]
= 0 (IV 4)
∂CPE
∂r

r=0
= 0 ∀t (IV 5)
with a uniform initial concentration
CPE (r, t = 0) = CPE (0) ∀r (IV 6)
where DPE [m2s−1], r [m], and t [s] denote the diffusion coefficient in PE, the radialcoordinate, and time, respectively. CPE [µgkg−1] is the concentration in the plasticsphere. The mass flux through the external boundary layer must be identical to theinternal mass flux at the particle surface:
J = −
(
C∗W −
CPE (rP)
K∗PE−W
)
kW = −DPE %PE ∂CPE
∂r

r=rP
(IV 7)
in which J [µg m L−1 s−1] and kW [ms−1] are the mass flux density and the aqueousmass transfer coefficient, respectively. C∗W [µgL−1] denotes the concentration in thebulk solution, rP is the radius of the spherical particle, and ρPE [kgL−1] denotes itsmass density.In a finite bath, the concentration in the bulk phase changes according to the totalmass flux across the area of all particles, leading to the following balance equation:
dC∗W
dt
=
(
CPE (rP)
K∗PE−W
−C∗W
)
kW
3
rP
mP
Vw%PE
(IV 8)
which is subject to a known initial concentration C∗W (0), where mP [kg] and VW [L]denote the mass of particles and the volume of water, respectively. No mass is storedin the aqueous boundary layer.
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Figure IV 1: Conceptual framework of the mass transfer model. A hypothetical concen-tration profile of a substance is shown. The concentration in the particle decreases fromthe center to the edge whereas the concentration in water decreases with increasingdistance from the particle. C∗W and CPE denote the concentration in water and particle,respectively. At the interface, local equilibrium is assumed hence the concentration atthe interface is: CPE = K∗PE−WC∗W
We derived the analytical solution of equations IV 4-IV 8 after Laplace transformationin time (see Appendix IV 4.3), and consider three cases of mass-transfer controls: (1) byexternal mass-transfer only, i.e. in the limit of DPE →∞, (2) by intraparticle diffusiononly, i.e. in the limit kW →∞, and (3) by both processes. The analytical Laplace-transform solution of the bulk-phase concentration is back-transformed into the timedomain by the numerical method of de Hoog et al. (1982), implemented in Matlab.We fitted the model to the contaminant concentration data in water of the experimentsdescribed above. The initial concentrations CPE (0) in the microplastics and C∗W (0) = 0in the water are known from the experimental set-up as well as liquid-to-solid ratio
VW/mP , the radius rP and mass density ρPE of the spheres. The partition coefficients
KPE−W of the three pollutants between PE and the pure water were determined fromthe late-time concentrations. We assumed that the external mass-transfer coefficient
kW of different pollutants scales with the known aqueous diffusion coefficient by D2/3aq(see Sherwood-relationship in the Appendix IV 4.3), and depends otherwise on thehydrodynamic conditions in the batch (McKay et al., 1986; Ranz et al., 1952), which didnot differ among the tests. Then kW/D2/3aq , three values of DPE and three values of KDOM(one for each compound) were the fitting parameters. We fitted all experiments jointly,computing the partition coefficients K∗PE−W for each DOM-concentration by equation IV2. Note, that the intensity of shaking affects the external mass transfer, but the shakingwas kept constant in all experiments of the present study. Thus, the fitted coefficient
kW/D2/3aq is identical for all compounds and needs to be identified by jointly fitting all
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experiments. Fitting kW for each compound individually, would have added moredegrees of freedom, and we may not have retrieved the D2/3aq -scaling valid for turbulentboundary layers (McKay et al., 1986; Ranz et al., 1952). Log-parameters were estimatedusing DREAMZS , a Markov-Chain Monte-Carlo method that estimates distributions ofthe log-parameters conditioned on the measurements (Laloy & Vrugt, 2012; Vrugt,2016). A uniform prior distribution within a wide range for each log-parameter wasconsidered. As objective function, we took the sum of the absolute differences betweenall measurements and simulated values. The computed mean absolute errors (MAE) androot mean square errors (RMSE) as reported in the results are based on a conditionalsample size of 3000. Furthermore, we report the 5-95 % quantiles of the estimatedparameters to assess their uncertainty.
IV 3.3 Analysis of Characteristic Times
As explained above, overall mass transfer is controlled by an external and an internalprocess in series. To evaluate the relative importance of the two mass transfer processes,we derived the characteristic time τch [s] from our Laplace-transform analytical solution.It is defined as:
τch =
∫ ∞
0
(
C∗W (t)−CW,eq
)
dt
C∗W (0)−CW,eq
(IV 9)
and summarizes how long equilibration between the bulk solution and the spherestakes. The characteristic time can be split into a characteristic time for the case ofexternal mass transfer:
τexternalch =
K∗PE−W %PErP(
1+K∗PE−W
mP
VW
)
3kW
(IV 10)
and a characteristic time for the case of internal mass transfer:
τinternalch =
r2P(
1+K∗PE−W
mP
VW
)
15DPE
(IV 11)
The two characteristic times are additive, i.e. the overall mass transfer is slower thaneither of the single processes. Note, that for increasing K∗PE−W , the characteristic timein the case of externally controlled mass transfer (equation IV 10) becomes independentof K∗PE−W whereas the characteristic time of the internally controlled mass transfer(equation IV 11) decreases with increasing K∗PE−W . In rivers or lakes, VW tends toinfinity (“infinite bath”) and the term in the parentheses of equations IV 10 & IV 11becomes 1. While in equation IV 10 the characteristic time refers to 63.2 % of theequilibrium concentration achieved, this does not hold for equation IV 10 where the
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degree of equilibration depends on the liquid-to-solid ratio and K∗PE−W (see AppendixIV 4.3). Hence, for K∗PE−W × mP/VW ranging from 0.01 (infinite bath) to 30 (maximumin our experiments), τinternalch corresponds to the timepoint when 67.5 - 88.9 % of theequilibrium concentration has been reached. The relative importance of the respectivemass-transfer process for the overall mass transfer can be expressed as the ratio oftheir characteristic times:
τexternalch
τinternalch
=
5K∗PE−W %PEDPE
kWrP
(IV 12)
For values >1 , the mass transfer in the water is limiting, whereas mass transferin the particles controls kinetics for values <1. Equation IV 12 exemplifies that therelative importance of the two mass-transfer processes does not depend on the liquid-to-solid ratio. Mass transfer of hydrophobic substances with high partition coefficientsare externally limited. Furthermore, equation IV 11 shows that for internally limitedkinetics a decreasing partition coefficient slows down kinetics in a batch system despiteincreasing the equilibrium concentration in the water (equation IV 3).
IV 4 Results & Discussion
IV 4.1 Equilibrium PartitioningFigure IV 2 (top) shows the measured equilibrium concentrations in the aqueous phaseas function of the DOM concentration in the respective batches. The concentrationin water increases with increasing DOM as expected from equation IV 3. Figure IV2 shows the calculated partition coefficients between PE and the aqueous solution
K∗PE−W as function of the DOM concentration. We fixed the measured K∗PE−W for zeroDOM and calculated K∗PE−W as a function of DOM according to equation IV 2 withinthe joint fit of all experiments. Figure IV 2 (bottom) shows that K∗PE−W predicted withequation IV 2 matches measured values very well. The measured K∗PE−W-values increasewith increasing octanol-water partition coefficient KOW of the compounds as expected.Measured and calculated partition coefficients into humic acid (KDOM ) for phenanthreneand tonalide show good agreement whereas the partition coefficients for benzophenoneshow relatively large deviations, which we attribute to the insignificant influence ofDOM. Under equilibrium conditions, increasing the DOM concentration caused thefraction of pollutants remaining in the microplastics to decrease.Table IV 2 lists the fitted KDOM-values, together with their uncertainty range, forevery substance and the associated KDOC-values in which the humic acid concentrationsare normalized with respect to the fraction of organic carbon (0.41). Table IV 2 alsoincludes two metrics of the quality of the model fits for each compound: the meanabsolute error (MAE), and the root mean square error (RMSE). All obtained KDOC-values are in good agreement with literature values (Careghini et al., 2015; Nealeet al., 2011; Niederer et al., 2007; Ternes et al., 2004). Possible sorption of DOM on/inmicroplastics could furthermore alter both the sorption behavior of certain compounds
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and the sorption properties of the particles themselves (Kaiser & Zech, 1998; Sunet al., 2008). However, we performed fluorescence measurements with DOM anddifferent amounts of microplastics indicating that no sorption occurred. These resultsare confirmed by previous findings reporting that interactions between DOM and soilparticles mainly took place between DOM and the mineral phase and that interactionsbetween humic acids and PE were found to be negligible, respectively (Kaiser & Zech,1998; Wu et al., 2016).
Figure IV 2: Measured equilibrium concentrations in the aqueous phase. Concentra-tions are plotted against the concentration of DOM in the batch (top) and relationshipsbetween partition coefficientsK∗PE−W and the concentration of DOM in the solution(bottom). Dashed lines are calculated by equation IV 3 and equation IV 2 (bottom)based on values reported in Table IV 2.
IV 4.2 Desorption KineticsWe analyzed desorption kinetics by fitting the complete coupled model described above.Figure IV 3 shows the measured concentration time series and model results of the fittedcomplete model (blue solid lines), model predictions considering only external mass
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transfer using the parameters of the complete model (red dashed line), and predictionsconsidering only intraparticle diffusion (green dashed lines). Equilibrium in the batcheswas usually reached at latest after 8 h. Table IV 2 contains the estimated values ofthe mass transfer coefficients and the intraparticle diffusion coefficient as well as theranges of their 5-95% quantiles.
Table IV 2: Partitioning and mass transfer parameters. Mean absolute errors (MAE)and root mean square errors (RMSE) were calculated based on the variability of theexperimental data. KDOM , kW , and DPE were fitted within the model (geometric meansof the posterior distribution). KDOC was subsequently calculated from the 41.2% of OCin the DOM. The estimated values are reported together with their respective 5-95%quantiles (range).
parameter phenanthrene tonalide benzophenoneMAE 0.47 0.81 0.34[µg L−1]RMSE 0.61 1.15 0.38[µg L−1]
KPE−W 9,630 31,8000 75[L kg−1]
KDOM [L kg−1] 5,500 4,000 700range 5,200-5,800 3,700-4,300 100-3,000
KDOC [L kg−1] 13,400 10,000 1,700range 12,500-14,100 9,100-10,400 200-7,100
kW [m s−1] 7.2×10−5 6.3×10−5 7.0×10−5range 5.6−9.4×10−5 5.0−8.3×10−5 5.5−9.3×10−5
DPE [m2 s−1] 1.6×10−13 5.6×10−13 1.7×10−12range 1.3−1.9×10−13 0.1−5.4×10−12 1.5−1.9×10−12
Phenanthrene
Figure IV 3A shows an excellent agreement between experimental and simulationresults for phenanthrene. At very early times, experimental data are lacking. At thesetimes, the model shows that external mass transfer always controls the overall masstransfer. At later times, intraparticle diffusion becomes limiting. At zero or small DOMconcentrations, the relative importance of external mass transfer is larger than at highDOM concentrations. With increasing DOM concentrations K∗PE−W decreases and thisshifts mass transfer control to intraparticle diffusion and slows down release kinetics inthe batch system, which is predicted by equation IV 11. The good agreement betweenthe model jointly fitted over all DOM concentrations and the measurements indicatesthat dominant mechanisms are captured well by the model.
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Tonalide
Figure IV 3B shows the experimental and simulation results for the comparably hy-drophobic compound tonalide. Here, the kinetics are strongly controlled by the externalmass transfer for all DOM concentrations. Only at the highest DOM concentrations, thefull model and the model disregarding intraparticle diffusion start to deviate slightly.Compared to phenanthrene and benzophenone, the equilibrium concentration in theaqueous phase is the lowest, which is in accordance with the higher hydrophobicity.
KDOM is lower than expected from hydrophobicity which may be due to less specificinteractions compared to the highly aromatic phenanthrene. As explained above, thedata are not sensitive to intraparticle diffusion, which results in a high uncertainty inthe fitted intraparticle diffusion coefficient DPE (Table IV 2).
Benzophenone
Figure IV 3C shows the experimental and simulation results for the least hydrophobiccompound investigated in this study, benzophenone. In comparison to the other com-pounds, it has the highest equilibrium concentration in the aqueous phase. The fractionof benzophenone remaining in the microplastics after equilibration ranged from only6 % (without any DOM) to less than 3 % (for the three highest DOM concentrations).The effects of DOM on desorption of benzophenone are negligible so that the fitted
KDOM-values are extremely uncertain. Desorption kinetics are always controlled byintraparticle diffusion, and the associated diffusion coefficient DPE is fairly certain.However, the estimated value is about one order of magnitude larger than valuescalculated from empirical relationships (see Table IV 1).
While comparable studies indicated that increasing the DOM concentration generallyaccelerates mass-transfer kinetics, we found the opposite in the batch system. Thisapparent contradiction is explained by different boundary conditions (different liquid-to-solid ratios, finite bath vs. infinite bath) and the use of different polymers (Smithet al., 2011; ter Laak et al., 2009). Note, that increasing DOM accelerates the externalmass transfer in the infinite bath and slows it down slightly in the finite bath (FigureIV 4). Since the diffusion coefficients of DOM are a factor of two to three lower thanfor our compounds mass transfer changes would be less pronounced if a large fractionpartitions into DOM (Cornel et al., 1986). In our study this would, if at all, affecttonalide at high DOM concentrations. However, the data and model do not show anysignificant influence of DOM and hence we did not specifically account for this effect.Regarding mass transfer under field conditions, studies on passive sampling indicatedthat it is usually clearly limited by external mass transfer, for compounds with KPE−Wvalues similar to or higher than for phenanthrene (Lampert et al., 2015; Tcaciuc et al.,2015). Such passive samplers are frequently made of PE but are far thinner than thespheres used in our study so that intraparticle diffusion is less restrictive because ofshorter diffusion distances (Lohmann, 2011). Only a limited number of studies indicatedthat intraparticle diffusion might be important for assessing the vector function ofmicroplastics (Fries & Zarfl, 2012). Koelmans et al. (2013) investigated the role of
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surfactants and organic matter on desorption kinetics, concluding that the internal masstransfer might typically be the rate limiting process. While the latter authors modeledthe kinetics by two first-order mass-exchange processes in series, we considered trueintraparticle diffusion. Both our model and the experimental findings suggest thatintraparticle diffusion is not permanently controlling the kinetics. However, Koelmanset al. (2013) applied their model to larger particles with diameters of 0.4 and 1.3 mmwhich might explain this contrast since internal mass transfer times becomes morerelevant with increasing particle size.Other polymers such as polystyrene (PS), polyvinyl chloride (PVC), and polyamide (PA)have glass transition temperatures >50 ◦C which are much higher than in polyethylene(-78 ◦C) and thus smaller diffusion coefficients (George & Thomas, 2001; Cowie &McEwen, 1977). Therefore, we expect that diffusion coefficients of organic compoundsare lower within PS, PVC, and PA than in PE, so that the intraparticle diffusion may bemore restrictive in the overall mass-transfer process. Furthermore, for porous (as PS)or weathered particles the effective diffusion coefficient needs to be derived for eachindividual case. On the other hand, diffusion in polydimethylsiloxane (PDMS), which isfrequently used as a passive sampler, is much faster and hence mass transfer is oftencontrolled by external mass transfer (Rusina et al., 2010). Often thin PDMS fibers areused (i.e. diameters of 6.5 µm, (ter Laak et al., 2009)) which also favors external masstransfer control.Finally, DOM concentrations used in the batch experiments are higher than concen-trations usually found in rivers or lakes. High DOM-concentrations are more likely for(urban) wastewater which are also hotspots for organic contaminants and microplastics(Murphy et al., 2016; Rule et al., 2006). Since sorption and desorption kinetics areequal, the mass transfer under high DOM conditions can be used to estimate theloading of microplastics with contaminants in wastewater whereas the results fromexperiments without or with low DOM concentrations can be applied to assess themicroplastics-facilitated transport of pollutants in large aquatic ecosystems (rivers andlakes). The equilibration times would increase under field conditions where the volume-to-solids ratio approaches infinity (and become independent on K∗PE−W for intraparticlediffusion, but increase with increasing K∗PE−W for external mass transfer control).
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Paper IVFigureIV3:Desorptionkineticsof,phenanthrene(A),tonalide(B),andbenzophenone(C)frommicroplasticsatdifferentDOM
contents.Modelsforfilmdiffusion,intraparticlediffusion,andthecoupleddiffusionareshownwiththereddashed,thegreendashed,
andthesolidblueline,respectively.Thehorizontalblackdottedlineshowstheequilibriumconcentration.
A 112 Sven Seidensticker
Paper IV
IV 4.3 Mass Transfer Analysis and Implications
While the experimental data reflect the specific conditions of the analyzed batchsystem, the model can be applied to different conditions from a finite bath with highsolid-to-liquid ratio to the infinite bath in which particles are strongly diluted. In theexperiments, we could show how differences in effective partition coefficient alter notonly sorption equilibrium but also the mass-transfer kinetics. In this section, we usethe calibrated model to explore conditions which are more comparable to the field.We do this by means of the characteristic times, computed by equations IV 9-IV 11,spanning wide ranges of effective partition coefficients K∗PE−W and solid-to-liquid ratios
mP/VW . Figure 4 shows the corresponding characteristic times, keeping the diffusioncoefficients constant. While Figures 4C and 4D show the individual contributions ofinternal and external mass transfer to the characteristic time according to equations IV11 and IV 10, respectively, Figure IV 4A shows the total characteristic time of masstransfer (equation IV 9), and Figure IV 4B the ratio of the two times (equation IV 12). Athigh mP/VW ratios, overall mass-transfer kinetics are accelerated with increasing K∗PE−W ,whereas they are slowed down at very low mP/VW ratios, and approach infinite bathconditions. Under finite bath conditions, a decreasing effective partition coefficientincreases the characteristic time τinternalch of internal mass transfer while that of externalmass transfer τexternalch is hardly affected when considering strongly sorbing compounds(Figure IV 4, C and D). We manipulated the effective partition coefficient K∗PE−W in ourexperiments by adding DOM, thus covering a wide range of kinetics limited by bothinternal and external mass transfer. Nevertheless, the microplastic concentration usedin our study was considerably higher than values found in the environment. Minteniget al. (2017) sampled effluents of wastewater treatment plants and identified andquantified microplastics down to a size of 20 µm. Using a microplastics concentrationof 9× 103 particles m−3 as it was detected in the effluent of a wastewater treatmentplant in Germany and assuming that a quarter of these particles might be PE with aradius comparable to that of the particles used in our study (Mintenig et al., 2017), weestimate environmentally relevant PE concentrations in urban areas on the order of
1.7×10−8kgL−1 and correspond to infinite bath conditions. We further assume partitioncoefficients as assembled for various organic pollutants in the literature (Lohmann,2011), resulting in the parameter range indicated by the red dashed line in Figure IV4. Applying such mP/VW ratio, characteristic times of mass transfer may range betweenhours (for compounds with low partition coefficients: intraparticle diffusion limits) andweeks (for those with high partition coefficients external mass transfer limits).As discussed above, the relative importance of internal and external mass transfer doesnot depend on the solid-to-liquid ratio, improving the transferability from experimentallab conditions to the field. However, it may depend on particle size (which can easilybe measured) and on the mass-transfer constant kW , which depends on the strengthof turbulence in rivers. The exact expression of mass transfer depend on the shape ofthe particles and can be derived for other geometric forms. The qualitative findings onthe relative importance of external and internal mass transfer are not affected by theshape. Furthermore, microplastics may be covered with biofilms affecting the externalmass transfer (Wu et al., 2017). Since the effective diffusion in biofilms is slower than in
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Figure IV 4: Characteristic times of mass transfer as function of the solid-to-liquidratio mP/VW and the partition coefficient K∗PE−W . A: total characteristic time; B: ratioof external to internal characteristic time; C: internal characteristic time; D: externalcharacteristic time of mass transfer. The solid red line shows the range of experimentalconditions while the dashed red line refers to microplastics concentrations found in theenvironment (Mintenig et al., 2017). Solid-to-liquid ratios of suspended sediments inrivers typically range from 10−5−10−3 kgL−1 (Schwientek et al., 2013).
water, the external mass transfer would be slowed down. To consider this, diffusive masstransfer through the biolayer could explicitly be modelled. The thickness of the waterboundary layer in our experiments was in the range of 10 µm and hence the externalmass transfer may be substantially slowed down if the biofilm cover exceeds a certainthickness or density. A reliable model on this, however, requires more experimentaldata, in particular on diffusion coefficients in biofilms and biofilm-plastic partitioning.The theoretical considerations of our study also apply to other suspended particlessuch as suspended sediments in rivers where the solid-to-liquid ratio is typically in therange of 10−5 to 10−3 kgL−1 (which corresponds to our laboratory conditions) (Schwienteket al., 2013). Well-defined microplastic particles, as used here, are ideally suited formass transfer studies under controlled conditions but ultimately are only surrogatesfor particles occurring in the environment, including microplastics in urban runoff andcontaminated sediment particles. The latter are very likely much more frequent thanmicroplastics but undergo the same mass transfer characteristics as discussed in thisstudy.
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Suppliers of Chemicals and Instruments
Solvents and StandardsAs organic solvents cyclohexane, acetone, methanol, and acetonitrile were used whichwere all purchased from Merck Millipore (Darmstadt, Germany) in a GC gradient gradepurity. Ultrapure water was prepared with a Milli-Q water purification system (MerckMillipore, Darmstadt, Germany) leading to a resistivity of 18.2 MΩcm. A standard ofbenzophenone (CAS# 119-61-9, purity ≥ 99.5%) as well as deuterated standards ofphenanthrene (D10), benzophenone (D10), and 4-n-nonylphenol (D8) were purchasedfrom LGC Standards (Wesel, Germany). Standards of phenanthrene (CAS# 85-01-8,purity ≥ 99.5%) and tonalide (CAS# 21145-77-7, purity ≥ 97%) were purchased fromSigma-Aldrich Supelco (Bellefonte, PA, USA) and Fluka (Honeywell Chemicals, Seelze,Germany), respectively. Humic acid (CAS# 1415-93-6) was purchased from Sigma-Aldrich Supelco (Bellefonte, PA, USA). For preparing a dissolved organic matter (DOM)stock solution, 2 g of the raw humic acid were dissolved in 1 L of 2 mM phosphate-buffered saline (PBS) buffer solution (containing 137 mM NaCl, 2.7 mM KCl, 8 mMNa2HPO4, and 2 mM KH2PO4) with slightly alkaline pH of 7.7 and shaken overnight.Due to the alkaline conditions almost complete dissolution of HA was achieved. Toremove particulate HA, the solution was passed subsequently through 1.5 µm, 0.7 µm,and 0.45 µm pore sized filters (Whatman 934-AH, Fisherbrand MF 300, and WhatmanME 25, respectively). To obtain a final concentration of 1 g L-1, the solution was dilutedin 2 mM PBS solution. Microplastics (MP) were provided by Azelis (Moers, Germany)under the trade name Gotalene 120 (clear particles without dye, density=0.92 kg L−1)and are usually used as an ingredient of cosmetic products. Information provided by thesupplier were confirmed by visual measurements and showed that the particle diameteris 260 µm and that they are approximately spherical shaped.
Devices and AuxiliariesThe dissolved organic carbon (DOC) content was quantified with an elemental analyzer(Elementar vario TOC cube, Elementar Analysensysteme, Langenselbold, Germany)resulting in an organic carbon fraction of 0.41. Experiments were performed in 0.25
L amber glass bottles (Duran, Borosilicate glass, Wertheim, Germany, 250 mL waterand 0.25 g MP). The concentrations of selected pollutants in the solution, i.e. inaqueous solution (water including DOM) were determined with GC-MS. Samples of 1
mL solution were taken at the described time points using a glass pipette. 10 µL ofdeuterated internal standard (20 µg mL−1 either in acetone or acetonitrile) were added
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to the sample. Subsequently the samples were extracted with 400 µL of cyclohexane.Measurements were performed using an Agilent 6890 N GC equipped with an Agilent7683 B Autosampler and coupled to an Agilent 5973 inert MS. For separation, a J&WScientific DB-5MS column (dimethylsiloxane 30 m x 0.025 mm ID, 0.25 µm film thickness)and helium as carrier gas were used. The flow rate was 0.7 mL min−1 and the devicewas operated in a pulsed splitless injection mode. The mass-to-charge ratios used forquantification were 105, 178, and 243 for benzophenone, phenanthrene, and tonalide,respectively.
DOM Fluorescence MeasurementsThe freely dissolved DOM concentration in the water phase can be analyzed viafluorescence measurements. The DOM solution was prepared as described above andin the main article. The absorbance was measured with an UV-Vis spectrometer at awavelength of 254 nm using quartz cuvettes. Stepwise, the solution was diluted until anabsorbance value of 0.3 was reached. Subsequently a fluorescence spectrum was takento obtain the maximum of excitation and emission wavelengths as shown in Figure IVA1.
Figure IV A1: Fluorescence spectrum of DOM solution.
20 mL of DOM solution was added to 20 mL vials. Different amounts of microplastics(0, 5, 10, 15 mg) were mixed in 20 mL solution. Vials were shaken for 48 h andafterwards a subsample was analyzed with a single point measurement using theobtained excitation and emission wavelength. The change in intensity relative to theintensity without the influence of MP were 0.07%, 0.03%, and 0.12% for 5, 10, and 15
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mg of MP, respectively. These values underline the assumption that an interactionbetween MP ans DOM is negligible. This is confirmed by previous findings reportingthat DOM in soils mainly interacted with the mineral phase (Kaiser & Zech, 1998)) andthat interactions between humic acid and PE particles were found to be negligible (Wuet al. (2016)).
Laplace-Transform Solution of Mass Transfer from a MixedReactor to Spheres Considering Intraparticle Diffusion andan Aqueous Boundary Layer
Governing Equations
We consider diffusion in a sphere made of polyethylene (PE). DPE is the diffusioncoefficient in the sphere, r denotes the radial coordinate, rP is the radius of the sphere,
t is time, and CPE (r, t) is the concentration in the PE-particle. In the initial state, theconcentration within the sphere is uniform, CPE (0). The concentration at the surface ofthe sphere is in local equilibrium to the aqueous concentration at the sphere surface
Caq(rP, t). Then, the governing equations read as:
∂CPE
∂t
−DPE
(
∂2CPE
∂r2
+
2
r
∂CPE
∂r
)
= 0 (IV A1)
CPE (rP, t) = KPE−WCaq(rP, t) ∀t (IV A2)
∂CPE
∂r

r=0
= 0 ∀t (IV A3)
CPE (r, t = 0) = CPE (0) ∀r (IV A4)
in which KPE−W is the dimensional partition coefficient (mass-related concentration inPE divided by volumetric concentration in water at equilibrium).The particle exchanges solute mass with a bulk solution of finite volume Vw via anaqueous boundary layer. We assume that the boundary layer itself does not storesolute mass. Mass transfer through the boundary layer is driven by the concentrationdifference between the bulk solution and the aqueous concentration at the surface ofthe spheres: Then, the continuity of mass fluxes requires:
J(t) = − (C∗W (t)−Caq(rP, t)) kW = −DPE %PE ∂CPE∂r r=rP (IV A5)in which J is the mass-flux density, C∗W is the bulk phase concentration, and kW isthe mass-transfer velocity. Multiplication by the mass density %PE of the spheres onthe right-hand side of the equation is needed if the concentration in the spheres isexpressed as mass of the compound per mass of the sphere material.
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Next we perform the mass balance in the bulk phase:
dC∗W
dt
= JAsp
nsp
Vw
=
(
Caq(rP, t)−C∗W (t)
)
kW4pir2P
nsp
Vw
(IV A6)
in which Asp = 4pir2P is the surface area of an individual sphere, nsp denotes the numberof spheres, and Vw is the volume of water. The number of spheres can be estimatedfrom the mass mP of all spheres, the mass density %PE of the sphere material, and thevolume of a single sphere V singlesp :
nsp =
mP
%PEV
single
sp
=
mP
%PE
4pi
3 r
3
P
(IV A7)
Substitution into Eq. (IV A6) yields:
dC∗W
dt
=
(
Caq(rP, t)−C∗W (t)
)
kW
3
mP
rP
VW %PE
(IV A8)
with the initial value C∗W (0). Eqs. (IV A1-IV A5 & IV A8) define the problem statement.
Solution in the Laplace Domain
Laplace transformation of Eqs. (IV A1-IV A3) yields:
sC˜PE −CPE (0)−DPE
(
d2C˜PE
dr2
+
2
r
dC˜PE
dr
)
= 0 (IV A9)
C˜PE (rP) = KPE−WC˜aq(rP) (IV A10)
∂C˜PE
∂r

r=0
= 0 (IV A11)
in which variable symbols with a tilde are Laplace transforms, and s is the complexLaplace coordinate. The solution of this second-order linear differential equation forthe given boundary conditions is:
C˜PE (r, s) = rPr
sinh
(
r
√
s
DPE
)
sinh
(
rP
√
s
DPE
) (KPE−WC˜aq(rP)− CPE (0)s ) (IV A12)
The radial derivative of CPE at the surface reads in the Laplace domain as:
dC˜PE
dr

r=rP
=
(√
s
DPE
coth
(
rP
√
s
DPE
)
− 1
rP
) (
KPE−WC˜aq(rP)− CPE (0)s
) (IV A13)
Eq. (IV A5), expressing the continuity of fluxes at the sphere surface, becomes in the
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Laplace domain:(
C˜∗W − C˜aq(rP)
)
kW = %PE
(√
DPE s coth
(
rP
√
s
DPE
)
− DPE
rP
) (
KPE−WC˜aq(rP)− CPE (0)s
)
(IV A14)which leads to the Laplace-transformed concentration in the aqueous phase at thesphere surface as function of the initial concentration within the sphere CPE (0) and theLaplace-transformed bulk concentration C˜∗W :
C˜aq(rP) =
kWC˜∗W +
(√
DPE s coth
(
rP
√
s
DPE
)
− DPErP
)
%PE
cPE (0)
s
kW +
(√
DPE s coth
(
rP
√
s
DPE
)
− DPErP
)
%PEKPE−W
(IV A15)
Laplace transformation of the mass-balance equation (IV A8) in the bulk phase yields:
sC˜∗W −C∗W (0) =
(
C˜aq(rP)− C˜∗W
)
kW
3
rP
mP
VW %PE
(IV A16)
Substituting Eq. (IV A15) into Eq. (IV A16) and rearranging terms finally yields:
C˜∗W =
C∗W (0)+ aKPE−W
CPE (0)
s
a+ s
with a =
(√
DPE s coth
(
rP
√
s
DPE
)
− DPErP
)
kW +
(√
DPE s coth
(
rP
√
s
DPE
)
− DPErP
)
%PEKPE−W
kW
3
rP
KPE−W
mP
VW
(IV A17)
We may consider two limiting cases:
1. lim kW →∞: This describes case with a negligible aqueous boundary layer. Here,the expression in the denominator of Eq. (IV A17) approaches kW , which cancelswith the kW in the nominator, resulting in:
C˜∗W =
C∗W (0)+
aparticle
KPE−W
CPE (0)
s
aparticle+ swith aparticle = (√DPE s coth (rP√ sDPE
)
− DPE
rP
)
3
R
KPE−W
mP
VW
(IV A18)
2. limDPE→∞: This describes the case of a well mixed sphere, in which the aqueousboundary layer forms the only resistance to mass transfer:
C˜∗W =
C∗W (0)+
a f ilm
KPEW
CPE (0)
s
a f ilm+ s
with a f ilm = KPEW kW mPVW
kW + 13rPs%PEKPE−W
s (IV A19)
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Back-transformation into the time-domain is non-trivial with the exception of the casecontrolled by the aqueous boundary layer only, where the analytical expression is anexponential function. We perform numerical back-transformation using the method ofde Hoog et al. (1982), implemented in Matlab.
Characteristic Times of Mass Transfer
The concentrations in the large-time limit are:
C∗∞W =
C∗W (0)+ mPVW CPE (0)
1+ mPVW KPE−W
(IV A20)
C∞PE = KPE−WC
∗∞
W (IV A21)
We now consider the deviation from the large-time limit:
C′∗W (t) = C∗W (t)−C∗∞W (IV A22)and define the characteristic time τch as the integral scale of the concentration signal,that is, the integral of C′∗W (t) over time divided by the initial value:
τch =
∫ ∞
0 C
′∗
W (t)dt
C′∗W (0)
=
lims→0 C˜′∗W (s)
C′∗W (0)
(IV A23)
in which the initial deviation C′∗W (0) is:
C′∗W (0) =
mP
VW
1+ mPVW KPE−W
(
KPE−WC∗W (0)−CPE (0)
) (IV A24)
Figure IV A2 visualizes the concept of the characteristic time. The curve C′∗W (t)/C′∗W (0) ischaracterized by a rectangle from zero to τch with unit height that has the same integralas the curve C′∗W (t)/C′∗W (0). This is neither an early-time nor a late-time approximationof mass transfer, but characterizes the entire curve.Eq. (IV A22) reads in the Laplace domain:
C˜′∗W = C˜
∗
W −
C∗∞W
s
(IV A25)
with C˜W given in Eq. (IV A17) and C∞W given in Eq. (IV A20). As stated in Eq. (IV A23),we need the limit of C˜′∗W (s) at s→ 0. In order to perform this evaluation, we need thefollowing series expansion of the hyperbolic cotangens:
lim
x→0
coth (x) = 1
x
+
x
3
− x
3
45
(IV A26)
Making use of Eq. (IV A26), substituting Eqs. (IV A17 & IV A20) into Eq. (IV A23)and rearranging terms finally leads to:
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τch =
%PEKPE−W rP3kW +
r2P
15DPE
1+KPE−W mPVW
(IV A27)
which can be interpreted as the sum of two characteristic times τexternalch and τinternalch forthe cases with a perfectly mixed sphere and without film, respectively:
τexternalch =
%PEKPE−W(
1+KPE−W mPVW
) · rP
3kW
(IV A28)
τinternalch =
1(
1+KPE−W mPVW
) · r2P
15DPE
(IV A29)
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Figure IV A2: Visualization of the characteristic time τch. Bold line: Deviation C′∗W (t)of the bulk-phase concentration C∗W (t) from the large-time limit C∗∞W , normalized by theinitial deviation C′∗W (0). With 1+KPE−W (mP/VW ) = 10.63. Dashed line: characteristictime τch. The area of the gray patch to the left of τch equals that to the right.
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Fitting the Model to the Data
We fitted the full analytical solution to the measured data of phenanthrene, tonalide,and benzophenone, assuming that the partitioning coefficients KPE−W between PEand water without dissolved organic matter are known. We also assumed that themass-transfer velocity kW scales with the known aqueous diffusion coefficients Daqaccording to (see Section IV 4.3):
kW ∝ D2/3aq (IV A30)and that the effective PE/water distribution coefficient K∗PE−W for a given concentra-tion CDOM of dissolved organic matter depends on the compound-specific distributioncoefficient KDOM between dissolved organic matter and water by:
K∗PE−W =
KPE−W
1+KDOMCDOM
(IV A31)
Then, the parameters to be fitted were kW/D2/3aq , the three substance-specific KDOM-coefficients, and the three substance-specific diffusion coefficients DPE of the respectivecompounds within PE. We fitted the logarithms of these seven parameters, takingthe sum of absolute differences between simulated and measured concentrations asobjective function.Fitting was performed with DREAM(ZS) (Laloy & Vrugt, 2012; Vrugt, 2016), which isa Markov chain Monte Carlo method, resulting in a posterior distribution of the log-parameters. We used three chains with 10,000 generations. The initial distribution of thelog-parameters was uniform within given bounds (see Table IV A1) chosen lay outsideof the range of the posterior distribution. The Rˆd-statistics of all three chains reachedthe critical value ≤ 1.2 within 3,000 generations. The first 9,000 generations wereconsidered as burn-in, and only the last 1,000 accepted log-parameter combinationswere further analyzed. In the standard fit, KPE−W was fixed based on the measuredequilibrium concentrations for zero DOM, and K∗PE−W was calculated according toequation (IV A31). Figure IV A3 shows the corresponding posterior distribution oflog-parameters.We also tested a fit in which the three KPE−W-values of the compounds were jointlyfitted with the other parameters from all experimental data. The corresponding fittedparameter values and uncertainty ranges are listed in Table IV A2, whereas Figure IVA4 shows the posterior distribution of log-parameters. As can be seen, the uncertaintiesof ln (KPE−W ) and ln (KDOM) are highly correlated for phenanthrene and tonalide, eventhough the range of uncertainty is modest. Also, the KPE−W-value of phenanthrenefitted over all experiments is significantly smaller than the value obtained from thecase with zero DOM only. The value used in the standard fit, however, agrees betterwith independent measurements in experiments not shown here.
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Table IV A1: Prior parameter ranges. In the standard fit, values of ln (KPE−W ) werefixed.
parameter unit of non-logarithmicparameter compound minimum maximum
ln
(
kW/D2/3aq
)
(s m)−1/3 - 0 10
ln (DPE ) m2 s−1
Phenanthrene -35 -25Tonalide -35 -25Benzophenone -30 -20
ln (KDOM) L kg−1
Phenanthrene 5 15Tonalide 5 15Benzophenone 0 15
ln (KPE−W ) L kg−1
Phenanthrene 8 10Tonalide 9.5 11.5Benzophenone 3.5 5.5
Table IV A2: Metrics of the posterior parameter distributions for the case inwhichln (KPE−W ) was simultaneously estimated with the other parameters.
parameter unit compound geometric mean 5%-95% range
kW/D2/3aq (s m)−1/3 - 72.4 59.5- 86.8
DPE m2 s−1
Phenanthrene 1.8×10−13 1.5×10−13- 2.1×10−13Tonalide 1.8×10−12 3.0×10−13- 1.1×10−11Benzophenone 1.6×10−12 1.4×10−12- 1.8×10−12
KDOM L kg−1
Phenanthrene 4490 3940 - 5140Tonalide 3234 2770 - 3730Benzophenone 23 1.6 - 594
KPE−W L kg−1
Phenanthrene 8380 7700 - 9090Tonalide 27620 2.5×104 - 3.0×104Benzophenone 47 35 - 61
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Figure IV A3: Scatter plot and histograms of the posterior log-parameter distribution(3,000 ensemble members). Displayed are results of the standard fit, in which KPE−Wis fixed for each organic pollutant.
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Figure IV A4: Scatter plot and histograms of the posterior log-parameter distributionif all partition coefficients are fitted (3,000 ensemble members). Displayed are resultsof the fit, in which KPE−W for each organic pollutant belongs to the fitting parameters.
Empirical Relationships
Diffusion Coefficients
Substance specific coefficients as both modelling parameters and comparative valuesfor the estimated results were calculated according to empirical relationships. Daqwere calculated according to Worch (1993):
Daq = 3.595×10−14 T
ηMW0.53
(IV A32)
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with T as the temperature (in K), η as the dynamic viscosity of water (in Pas), and MWas the molecular weight of the respective compound given in gmol−1. The experimentswere performed in a room constantly tempered to 20 ◦C (≡ 293.15 K) hence η were
8.9×10−4Pas. The fitted DPE was compared to estimations calculated with availableempirical relationships. For this, the equations obtained by Rusina et al. (2010) andLohmann (2011) were applied. Rusina et al. (2010) obtained a correlation between themolecular weight MW and DPE :
logDPE = −0.0137MW −10.01 (IV A33)whereas Lohmann (2011) calculated DPE as a function of the molecular volume VM :
logDPE = −0.0145VM +10.1 (IV A34)As specified in the main manuscript, the DPE calculated as described above werecompared to the fitted DPE .
Mass-Transfer Coefficients
Several studies on mass-transfer towards a spherical body in turbulent flows have beenperformed and analyzed by dimensional analysis. A typical finding is (Ranz et al., 1952;Garner & Suckling, 1958):
Sh = k · Re1/2 · Sc1/3 (IV A35)
with an empirically determined coefficient k , depending on the exact experimental setup,and the Sherwood, Reynolds, and Schmidt numbers, Sh, Re, Sc, defined by:
Sh =
kwdP
Daq
(IV A36)
Re =
vdP
υaq
(IV A37)
Sc =
υaq
Daq
(IV A38)
in which υaq, v, and dP are the kinematic viscosity, the flow velocity, and the particlediameter, respectively. Hence, the following scaling of the mass transfer coefficientwith the aqueous diffusion coefficient applies:
kw ∝ D2/3aq (IV A39)The Sh calculated from the experimentally estimated kW would range from 24.5 to26.2. The aqueous diffusion coefficients Daq of the used compounds are reported inTable 2 in the main article. These values are in good agreement with the Sh calculatedby an empirical relationship obtained by Doig et al. (2005). We estimated the Re for
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our experimental conditions to be 26. The flow velocity is the quotient of the shakeramplitude and the shaking speed which were 4 cm and 150 rpm, respectively. Thekinematic viscosity υaq of water at 20 ◦C is 1× 106m2s−1. Therefore, Sc ranges from1,316 to 1,613 for our experimental conditions.
Relative Importance of Internal and External Mass TransferIncreasing the DOM-concentration, and hence decreasing the partitioning coefficients,increases the characteristic time τinternalch of internal mass transfer (Eq. (IV A29)) whilethat of the external mass transfer,τexternalch is hardly affected for strongly hydrophobiccompounds (Eq. (IV A28)) under batch boundary conditions (finite bath). Figure IV A5shows the computed ratio of these characteristic times according to Eqs. (IV A28) and(IV A29) for all three compounds at all DOM-concentrations. As already discussed inthe context of the concentration time series, the mass transfer of tonalide is uniquelycontrolled by the external mass transfer from the bulk solution to the surface of thespheres, whereas the mass transfer of benzophenone is governed by intraparticlediffusion at all DOM-concentrations. For phenanthrene, the ratio of characteristictimes is always < 1 indicating that desorption was controlled by internal mass transfer.Nevertheless, the ratios for low DOM concentrations are close to one implying that bothmass transfer processes are relevant. At higher DOM concentrations the internal masstransfer clearly dominates. Since the ratio of the characteristic times is independent ofthe solid to liquid ratio the same mass transfer patterns would occur in the environment.
Figure IV A5: Pattern of mass transfer resistances with increasing DOM amounts.The ratio of the external and the internal mass transfer process (τchratio) is plottedagainst the DOM concentration. The horizontal line at τchratio=1 thus points outequality of the processes.
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